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00 N O ULl A W N

9 Abstract

10  Antimony (Sb) is an element with a growing concern due to its toxicity, but also because of its
11 criticality. While the impact of Sb mining is documented in literature from China and Europe, still little
12 data is available concerning the environmental impact of Sb mining in Vietnam. This paper presents
13 the results of an exploratory study of mine waste and soil samples from the Mau Due mine (North
14  Vietnam). The chemical and mineralogical composition of the samples was determined as well as the
15 water-soluble and exchangeable/reversibly adsorbed Sb species, and the release of Sb at different pH
16  values was investigated. Antimony concentrations in the mine waste samples (slags and waste rock)
17  were in the range of 186-27221 mg/kg, while soils were characterized by Sb concentrations in the
18  range of 47-95 mg/kg. In one mine waste sample, the primary mineral stibnite was found. The
19 investigated mine waste samples also contained pyrite, which was not found in the soil samples. The
20  leaching of Sb from all the samples with water was relatively low, as less than 1% of the total Sb
21 content in the samples was released. In absolute values, this resulted in water-extractable Sb
22 concentrations (24 h extraction) up to 430 pg/l, except for an alkaline slag sample, which released
23 23.5 mg/l of Sb, and the mine waste samples containing stibnite (2.9 wt.%), which released 16.6 mg/I
24 of Sb. Based on the outcomes of this reconnaissance study, recommendations for further investigation
25 of the waste heaps around the mine were made, taking into account the protection of health and the
26  environment, and the sustainable management of secondary (waste) resources.

27

28 Keywords: antimony; leaching; soil; mining waste

29 1. Introduction

30

31  Antimony (Sb) is an element with a growing concern due to its toxicity, but also because of its

32 criticality. Antimony was identified as one of 27 critical raw materials for the European Union

33 (European Commission, 2017). Antimony is the 9" most commonly mined element, and has several
34 industrial applications, such as in flame retardants, batteries, weapons, etc. (Alloway, 2013). China is
35 by far the most important producer of Sb in the World (with an Sb production amounting to

36  approximately 100 000 metric tons in 2019), followed by Russia and Tajikistan (Statista, 2019). The
37  world's annual production is around 163 ktons of Sb, mostly in China, while it is no longer mined in
38 EU countries (Deloitte sustainability, 2015). Antimony ores are generally processed into Sb metal by
39 mining companies, mainly outside of the EU. Around 50 tons of Sb is processed in the EU from Sb
40 ores and concentrates that are imported and about 11 000 tons of Sb metal is recovered from

41  secondary material (waste, scrap and ash residues containing Sb) (Deloitte Sustainability, 2015).
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Antimony toxicity mainly occurs due to occupational exposure and may cause respiratory irritation,
pneumoconiosis, Sb spots on the skin and gastrointestinal symptoms (Sundar and Chakrvarty, 2010).
According to the International Agency for Research on Cancer, antimony trioxide can be carcinogenic
to humans (group 2B) and antimony trisulfide is not classifiable as to its carcinogenicity (group 3)
(ATSDR, 2017).

Antimony is a metalloid with atomic number 51, with a high affinity for heavy metals (e.g. Fe, Cu,
Pb), and sulfur. Average Sb concentrations in rocks and soils are in the range of 0.15-2 mg/kg and
0.3-8.6 mg/kg, respectively (Pierart et al. 2015). In mine waste, and in soils in the vicinity of mines,
much higher Sb concentrations are usually found (Okkenhaug et al., 2011). More than a hundred Sb-
minerals occur on Earth (Anderson, 2012). Antimony is found as a major element in many primary
minerals, stibnite being the most common Sb-sulfide (Roper et al., 2012). Dissolution of stibnite
(Sb2Ss) in oxidizing conditions releases Sb, and Sb is incorporated into the mineral structures of
several secondary minerals. The most commonly formed secondary Sb(V) minerals are Sb-bearing Fe
hydroxides (goethite (a-FeOOH) and lepidocrocite (y-FeOOH)), together with Sb-bearing jarosite
(KFe3(S04)2(OH)s) and Sh(-Fe)oxides and hydroxides such as tripuhyite (FeSb0,), senarmontite
(Sb,03), romeite (Ca;Sb2060H), cervantite (Sb,04), kermesite (Sb,S,0), and valentinite (Sb,0s)
(Courtin-Nomade et al., 2012). Antimony is also a component of coal and petroleum (Alloway, 2013).
The primary mineral, stibnite, mainly occurs in mineralizations and quartz (SiO,) veins. Metalliferous
ore mining and smelting industries are currently the main sources of Sb pollution (He et al., 2019).

Antimony occurs in the environment in four oxidation states (-lll, O, lll, and V) with Sb(lIl) and Sb(V)
being the most frequently occurring species. The oxidation state also determines the toxicity of Sb,
which decreases in the following order: Sb(lll) > Sb(V) > organoantimonials. Microbial
transformations catalyze the conversion of one Sb species into another (Mitsunobu et al., 2006; Lehr
et al., 2007). At natural pH values, Sb is present as soluble Sb(OH)e™ in oxic systems and as soluble
Sb(OH)s in anoxic ones at natural pH values. Under reducing conditions, and in the presence of
sulfur, stibnite, Sb,Ss(s), is formed at low to intermediate pH values. At higher pH values, the SbS;”
species replaces stibnite (Filella et al., 2002a). In soils, Sb(OH)s represents the major species over a
wide Eh range (Mitsunobu et al., 2006).

pH and microorganisms are key parameters in biogeochemical cycling of Sb through the dissolution
and oxidation of Sb-sulfide and the formation of secondary Sb(V)-bearing minerals (Loni et al. 2020).

Fe(hydr)oxides play an important role in the sorption and incorporation of Sb(V) and Sb(lll). Johnston
et al. (2020) found a strong association between Sb and poorly-crystalline Fe(lll) mineral phases such
as ferrihydrite (Fe,03)0.5H,0). They also found evidence that As(V) was more strongly retained in
the solid phase than Sb(V) in an oxic river system. Sb(V) adsorbs strongly to the surface of goethite
and is also readily incorporated into the goethite structure during recrystallization (Burton et al.,
2020). At very high agueous Sb concentrations and near-neutral pH conditions, tripuhyite, is formed,
a highly stable Fe(ll1)-Sb(V) oxide (Burton et al., 2020). Adsorption of Sb(lll) to the surface of
goethite is rapidly followed by electron transfer from surface-complexed Sb(lll) to structural Fe(lll),
resulting in the formation of Sb(V) and Fe(ll), forming tripuhyite (Belzile et al., 2001; Leuz et al.,
2006). Pyrite can also contain a wide range of trace elements, which includes Sb (Li et al. 2018).
Sorption of Sb(lll) and Sb(V) to Fe(hydr)oxides and kaolinite is greatly influenced by pH, with
increased sorption as pH decreases, and desorption as pH increases towards alkaline conditions (Guo
et al., 2014a; Rakshit et al., 2015).
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The effect of soil organic matter (SOM) on the mobility of Sb is somewhat ambiguous. On the one
hand, SOM is reported to decrease Sb availability to plants by making stable complexes of Sb-humic
acid (Steely et al., 2007). On the other hand, several authors (Clemente et al., 2010; Nakamaru and
Peinado, 2017) showed that the application of compost to contaminated soil increased Sb in soil
pore water, while Sb uptake by plants did not systematically increase. In waterlogged soils, Verbeeck
et al. (2020a) found a decrease in Sb mobility at high Sb concentrations and an increase in Sb
mobility at low Sb concentrations, which was largely determined by the electron donor capacity of
SOM. In oxidizing conditions, Sb(OH)s mobility also increased with increasing SOM at low soil Sb
concentration, which was explained by competitive sorption on Fe and Al hydroxides (Verbeeck et al.
2019).

While the occurrence of Sb in the environment is well documented in literature from China (e.g. He,
2007), Europe (e.g. Alvarez-Ayuso et al., 2012; Courtin-Nomade et al., 2012; MacGregor et al., 2015),
and Australia (e.g. Johnston et al., 2020; Radkova et al., 2020), little data are available concerning
the environmental impact of Sb mining in Vietnam (Isuhara and Xian, 2013). This paper presents the
first published geochemical leaching characterization data of mine waste, soil and slag samples from
the Mau Due mine, in North Vietnam. Mining activities in Vietnam are important for the
development of the country. However, mining also causes a loss of natural resources and has a
serious impact on the environment (Vu et al., 2012).

This research is an exploratory study of mine waste from the Mau Due mine, and slag and soil
samples from the Sb refinery, and is not intended to map the Sb contamination in the area. Besides
providing data concerning the chemical and mineralogical composition of mine waste and soils at
the Mau Due mine, the release of Sb is also investigated, under different conditions. Based on the
results, a first estimate of the potential risks related to the mining activities and waste disposal is
made, with the aim to provide recommendations for further investigation and characterization of
the mining waste and slag heaps, in view of more sustainably managing the mining site. Although we
were most interested in the release of Sb from the soil and mine waste samples, we also determined
the total elemental concentrations, in order to have a reference for comparison with other studies
and with guideline values.

2. Materials and methods

2.1 Site description

The Mau Due mine is located in the province of Ha Gian, at a latitude of 23° 4' 44" North & longitude
105° 14' 52" East in a mountain region in northern Vietnam (Figure 1), close to the Chinese border
and to the In-bearing Sn-Pb-Zn deposits of Du Long mine, China (Ishihara et al., 2011).

The Songhien formation is the most important host rock of the Mau Due Sb ore body. It is
composed of sandstones, black shale and sericitic shale and has a thickness of about 300 m (Xuan,
2011). The Mau Due Sb deposit is a small fracture filling-type Sb deposit (Ishihara and Xuan, 2013).
Three ore bodies extend discontinuously in the North East — South West direction. The main ore
body is located in the central part of the area and has a total length of 1300 m (North East — South
West direction). These orebodies are mostly composed of quartz (20-70 %) and small amounts of
calcite (CaCOs). The ore minerals are stibnite, and very small amounts of pyrite (FeS,), arsenopyrite
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(FeAsS), sphalerite ((Zn, Fe)S), and berthierite (FeSb,S4) (Ishihara and Xuan, 2013). The average Sb
content in the ore ranges from 3.13 to 12.03% (Xuan, 2011).

Besides the primary ore mineral stibnite, secondary Sb-containing minerals are found, which were
formed by the weathering of stibnite (Sb,Ss3): valentinite and lewisite (CaSb,0s(OH)3) (Ishihara and
Xuan, 2013).

In 1993, exploitation of the ore body was initiated by open-pit mining. A refinery was installed in
2002. Since 2002, the annual Sb production of the mine amounts to 100 tons (Ishihara and Xuan,
2013), which is a substantial part of the total Sb production in Vietnam, which reached
approximately 576 tons in 2017 (Doan, 2020).

The climate in this region is subtropical, with cool winters. The coolest month is January with an
average temperature of 15°C, and the average temperature in August is 29°C. The average annual
precipitation in Ha Gian province is 2492 mm (source: climate-data.org)

2.2 Sampling of slag, mine waste and soils

Samples were collected in January 2015, using a stainless steel shovel. Eight different samples were
taken (Figure 1):

e Five mine waste samples, taken from the waste heaps in the center of the area. In the
central part of the mining area (Figure 1), surface samples of the mine waste (samples SH1,
SH2, SH3, SH4, and SH5) were taken along a transect, 150 m apart. The samples were taken
as composite samples, composed of 5 sub-samples, collected in a star-like pattern (Ganne et
al., 2006). Since the aim of the study was not to completely map the mining area, but rather
to obtain a preliminary idea of Sb concentrations in the area, a limited amount of samples
were taken. Moreover, access to the mine was restricted because it is still operational.

e One slag sample (SL1) of £ 1 kg, sampled from a waste heap next to the ore treatment
facility. As this was a preliminary study, we were only allowed to take one sample from the
slag heap. This sample is not representative of the slag heap. However, for follow-up studies,
a more detailed sampling will be performed, but the present study gives an example of
characterization methods that can be applied.

e Two soil samples (SO1 and SO2), collected in the vicinity of the slag heap. Soil samples were
also taken as a composite sample. Again, this will not allow for mapping of the Sb
contamination in the area, but gives a preliminary indication of Sb concentrations in soils
close to the slag heap. The geochemistry of soil and stream sediments around the Mau Due
stibnite deposit has already been investigated (Ishuara and Xuan, 2013), but not the soils
nearby the Sb refinery.

Figure 1 here

The samples were air-dried, and sent to KU Leuven (Belgium) for analysis. Soil and mine waste
samples, which all consisted of fine-grained material, were disaggregated in a porcelain mortar. The
slag sample was first crushed with a hammer, and then further ground with mortar and pestle.
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2.3 Sample digestion for chemical characterization

Two different dissolution methods were applied to the eight samples: hot plate digestion in which 4
strong acids were used to dissolve the sample, and a fusion method with lithium borate (LiBO,). Each
sample was digested in duplicate (by both methods), and two blanks and a certified reference
material (GBW-7411) (Supplementary material, Table S1) were also included.

2.3.1 Multi acid digestion method

The total element concentrations in the samples were determined with a multi-acid digestion
procedure using 4 acids (HNOs (nitric acid), HCIO4 (perchloric acid), HF (hydrofluoric acid) and HCI
(hydrochloric acid). Fifty mg of sample was put in a Teflon beaker, together with 1.5 ml of
concentrated HNOs, covered and left under the fume hood for 2 days. After 2 days, the Teflon
beakers were placed on a hot plate and heated at 140°C. Subsequently, the beakers were
uncovered, and the temperature was increased to 200°C to evaporate the HNOs. When the mixture
was almost dry, 1 ml of concentrated HCIO, was added to the beaker (covered with a loose cap) and
heated at 200°C until almost dry. Next, 20 ml of concentrated HF were added to the beaker and
heated at 240°C until completely dry. Finally, the residue in the beaker was dissolved by adding 20
ml of 2.5 mol/lI HCl and put on a hot plate until the solid particles were entirely dissolved in the acid
solution. The solution was filtered by a Whatman filter and diluted to 50 ml with Milli-Q water.

2.3.2 Lithium borate fusion

Fusion is a method where an oxidized sample is dissolved in a molten flux at temperatures of around
1050°C. Lithium metaborate (LiBO,) is mixed with the sample and heated until the lithium borate
melts and dissolves the sample to form a homogenous mass. The resulting solid is dissolved in acid
for analysis. One hundred mg of sample was added to 500 mg of LiBO,, in a graphite crucible and
heated for 10 min at 1000°C in a muffle furnace, which resulted in the generation of a melt phase
(LiBO, pearl). This LiBO, pearl was poured into 50 ml of HNO3 (0.42 mol/l) and stirred on a magnetic
stirrer to dissolve the LiBO; pearl. After 10 min, the pearl was dissolved and the solution was poured
into a 50-ml plastic bottle. All measurements were made against calibration curves of five known
reference materials which underwent lithium metaborate fusion sample preparation.

The solutions of both methods were analyzed for major and trace elements by ICP-OES (Varian-720
ES). Before measurement, the solutions were diluted by a factor 10 with Milli-Q water (see Section
2.5).

2.4 Mineralogical sample characterization

All samples were analyzed with XRD (X-ray diffraction). For the XRD identification, a subsample was
wet ground (5 min) by a miller (McCrone Micronizing) using 5 ml of ethanol as a grinding agent. For
quantification, an internal standard was added (i.e., 0.2 g of zincite was combined with 1.8 g of
sample). After being ground, the sample was recuperated in porcelain cups and dried for 1- 2 days
under a fume hood. Then, dried samples were gently disaggregated in an agate mortar and passed
through a 250 um sieve. Sample holders were gently tapped while filling, to ensure good packing of
the grains. A Philips PW1830 diffractometer with Bragg/Brentano 6-2 6 setup, CuKa radiation, 45 kV



205
206
207

208

209
210
211
212
213
214
215
216
217
218
219
220
221
222
223
224
225
226
227

228

229
230
231
232
233
234
235
236
237
238

239

240

241
242

and 30 mA, graphite monochromator was used. Mineral phases were identified with the Profex 4.0
software, using the Rietveld refinement method for quantification (Bergmann et al., 1998).

2.5 Leaching tests

Leaching tests were performed on all samples with different extraction solutions. The first two
extractions were based on the work of Ettler et al. (2007), who used an extraction with
demineralized H,O (DW) and with Na;HPO,4.2H,0 0.1 mol/l to quickly investigate the water-soluble
and exchangeable/ reversibly adsorbed Sb fraction. The influence of alkaline pH on the mobility of Sb
was assessed further by means of extractions with diluted Na solutions, with concentrations varying
between 0.005 mol/l and 0.1 mol/l NaOH.

Additionally, the EN 12457-2 test was performed according to the guidelines of the European
Committee for Standardization (CEN). It specifies a compliance test providing information on
leaching of granular wastes and sludges under the experimental conditions and is used to classify
waste materials in the EU (EN 12457-2, 2002).

1 g of each sample was weighed in a polyethylene centrifuge tube. In each tube, 10 ml of extraction
fluid was added, and the tubes were fixed on a horizontal shaking device (Edmund Buhler Gmbh)
and shaken for 2 or 24 h (see Table 1 for the operational parameters). After centrifugation (15 min.,
3000 rpm, Beckman G6 centrifuge), the solution was separated from the solid sample, and the pH of
each solution was measured with a Hamilton Single Pore Glass pH-electrode. Before ICP-OES
analysis, the solutions were filtered (0.45 um).

Table 1 here
2.6 Analyses of digests and leachates

Elemental concentrations (Al, Ca, Fe, K, Mg, P, S, Sb, As, Cd, Co, Cr, Cu, Mn, Mo, Ni, Pb and Zn) in the
digests and the leachates were measured by ICP-OES (Varian 720ES).

Calibration solutions were prepared from certified multi-element ICP standard stock solutions and
from Plasma HIQU single element solutions from CHEM-LAB (Belgium). Blanks were also included in
the calibration. All solutions were prepared from 18 MQ/cm? ultra-pure water supplied from a
millipore system and stabilized with ultra-pure nitric acid (CHEM-LAB). Each measurement was
carried out with three replicates.

Speciation-equilibrium calculations were performed with the computer program PHREEQC
(Parkhurst and Appelo, 1999), with the database minteq.v4.dat (Gustafsson, 2013), and using
specific reactions for Sb phases from Majzlan et al. (2016).

3. Results

3.1 Total element concentrations and mineralogy

Very high Sb concentrations, up to 15 700 mg/kg were measured in the slag sample, as well as in
some mine waste samples (Table 2). Mine waste samples SH3, SH4, and SH5, show moderate Sbh-
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concentrations. Both soil samples (SO1 and SO2) are clearly contaminated with Sb, but
concentrations are much lower than in the slag and mine waste. Heavy metals such as Cr, Cu, Pb,
and Zn did not display particularly high concentrations (Table 2). In the discussion section, most
attention will go to Sb, as this is the main metal(loid) in the samples. Occasionally, results for As will
also be briefly discussed.

Table 2 here

Quartz (23-46 wt.%), clay minerals (2.4-7.8 % wt.%), micas (20-49% wt.%) and gypsum (0.8-8.1%
wt.%) were the main minerals in all mine waste samples (SH1 to SH5), except in sample SH1 and
SH2, where respectively 26% and 21% of dolomite (CaMg(COs),) was also present. These were also
the only samples containing calcite (CaCOs, resp. 0.7 and 2.5 wt.%). Stibnite was the only Sbh-bearing
mineral found in one of the mine waste samples (sample SH2). The mine waste samples also had
0.9-3.9 % of pyrite.

In the slag sample (SL1), quartz was the main mineral, next to cristobalite (polymorph of quartz),
calcite (CaCOs), and augite ((Ca,Na)(Mg,Fe,Al,Ti)(Si,Al)>0¢). A Sb bearing minerals, namely cervantite
(0.7 wt.%) was also detected.

Quartz, clay minerals (illite and kaolinite), and micas were the main minerals found in the soil
samples, with small amounts of feldspars, augite and goethite (Supplementary material, Table S2).

3.2 Leaching tests

The extractions with water and with the 0.1 mol/lI Na,HPQ4.2H,0 solution, showed high variability
with respect to the leaching of elements, and the pH of the extracts (Figure 3). From 0.06 to 1.7% of
the total Sb content of the samples was extracted with water (‘water-soluble Sb’), and 0.1 t0 2.5 %
with the phosphate solution (‘reversibly/exchangeable Sb’). The diluted 0.005, 0.01 and 0.1 mol/I
NaOH solutions extracted more Sb as the OH- concentrations increased, which was expected based
on the occurrence of Sb as anionic species. The pH of the 0.005 mol/I NaOH extract was in the range
2.6-10.9 after extraction, pointing to a different base neutralization capacity of the different
samples. With the 0.01 mol/l NaOH solution, the pH after extraction was in the range 7.1- 11.8. The
pH of the extract after extraction with 0.1 mol/l NaOH was comparable for all samples, namely 12.9
+0.1.

Figure 2 here

4. Discussion

4.1 Comparison between sample digestion techniques

In general, the determination of Sb in solid samples such as waste, soils and sediments received less
attention than the determination of Sb in water samples, where the speciation of Sb has also been a
frequently addressed research topic (e.g. Kumar and Riyazuddin, 2007; Hasanin et al., 2016). Many
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different methods have been used for the determination of total or pseudo-total concentrations of
Sb in soils, sediments, and waste materials. An overview of studies dealing with the determination of
Sb in (mining) waste samples is provided in Table 3. With respect to destructive methods, acid
digestion methods are most often used, using different combinations of acids and either a hot plate
or a microwave to digest the samples (Table 3). Pseudo-total Sb concentrations are often
determined by aqua regia destruction, but sometimes other, more aggressive, acid digestion
techniques are used.

The recovery of Sb concentrations from environmental samples depends on the extraction method
chosen (Hjortenkrans et al., 2009). Therefore, the choice of reagents for sample digestion requires
careful consideration to ensure adequate matrix dissolution and prevent the formation of insoluble
Sb-bearing precipitates (Nash et al., 2000). Most acid dissolution methods do not completely
dissolve the solid samples and provide ‘pseudo-total’, or ‘near-total’ concentrations of Sb. Tighe et
al. (2004) compared open hot plate digestion and microwave digestion methods with nitric acid or
aqua regia to determine near-total Sb concentrations in a contaminated floodplain and found that
the aqua regia microwave destruction method performed better in terms of reproducibility than a
nitric acid digestion method (microwave and hot plate).

Only a few studies using non-destructive techniques were found in published literature.
Instrumental Neutron Activation Analysis (INAA) (Murciego et al., 2007) and X-ray fluorescence (XRF)
(Marriussen, 2012) were used to measure Sb concentrations, respectively floodplain soils and in soils
from a firing range. XRF is less suitable for Sb analysis, especially in organic-rich soil, but may be used
on powdered mineral soil if the concentration is higher than 50 mg/kg (Mariussen 2012).

In the present study, two digestion methods, namely a hot plate multi-acid digestion and a lithium
metaborate fusion were performed, and the performance of both destruction techniques were
compared (Figure 3). Fusion involves the complete dissolution of the sample in a melt (molten) flux.
Fusions are generally more aggressive than acid dissolution methods. A disadvantage is that there
can be a loss of volatile elements (e.g., As, Pb, Sb) during this type of digestion. The multi-acid
digestion uses a combination of 4 concentrated acids: HNOs, HCIO4, HF and HCIl. HCl is known to
dissolve silicate, iron and sulfide minerals, especially at elevated temperatures and pressures
(Pahlavapour et al., 1980; Kammin and Brandt, 1988). Tighe et al. (2005 a, b) showed that iron
oxyhydroxides, silicates, and sulfide phases often play an important role in the binding of Sb. The
use of concentrated HNOjs is necessary for the digestion of soil samples to release Sb from any
organic matter. HF dissolves silicate minerals, but some refractory minerals (especially oxide
minerals) are only partially digested. Therefore, the multi-acid digestion used in this study can be
considered a near-total digestion.

Table 3 here

The incomplete dissolution of the samples by the multi-acid digestion method can be deduced from
the comparison with the LiBO, fusion method (Figure 3). For most major elements, such as Fe, Al, K,
Mg, higher concentrations are obtained with the LiBO, fusion method than with the multi-acid
digestion method (Figure 2 for Fe), which is most likely related to the incomplete dissolution of the
slag material by the multi-acid digestion. For heavy metals and metalloids, the difference between
both digestion methods is less pronounced. Only for the slag sample (SL1), much more Sb was
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measured with the LiBO, method (27 221 mg/kg), than with the multi-acid digestion method (11 522
mg/kg) (Figure 2), pointing to the incorporation of Sb in phases that are resistant to the multi-acid
digestion. Fe-minerals, such as goethite, ferrihydrite, and tripuhyite can act as sinks for Sb (Karimian
et al., 2018; Radkova et al., 2020), but are most likely dissolved by the acid digestion. Refractory Fe-
minerals in the slag, however, were not dissolved by the multi-acid digestion.

For the soil samples, concentrations of Sb are comparable with both methods. Telford et al. (2008)
compared Sb extracted with a multi-acid dissolution method (using the same 4 acids as in the
present study). Antimony concentrations extracted from contaminated soils by the 1:2 (v/v)
HNOs3:HCl acid mixture at 150 °C were similar to Sb extracted by the four acid mixture. In what
follows, we will use the results of the multi-acid digestion for metalloids (including Sb), heavy metals,
and S, and the results of the LiBO; fusion for major elements (Table 2).

Figure 3 here

4.2 Sb in mine waste

In the present study, both mine waste samples with rather low and with very high Sb concentrations
were found. Guo et al. (2014b) found Sb concentrations of 6930 and 11100 mg/kg in water resp.
guenched and desulfurized slags produced in the smelting processes in the Xikuangshan area.
Tailings and slag residues from an old Sb mine of the French Massif Central have been reported to
have concentrations of Sb in slags and tailings of 1700 and 5000 mg/kg, respectively (Courtin-
Nomade et al., 2012).

Stibnite in mesothermal vein deposits of eastern Australia and southern New Zealand is oxidized
under humid to semiarid conditions and transforms to oxides including valentinite, senarmontite,
and stibiconite (Sb **Sb>*,06(OH). Oxidation of stibnite and associated arsenopyrite and pyrite causes
local acidification, which is readily neutralized by carbonates in mineralized zones and host rocks.
Stibnite dissolves readily in moderately oxidized waters (SbOs7), with the formation of Sb oxide, and
Sb sorption/coprecipitation with amorphous iron oxyhydroxides (Ashley et al., 2003). Secondary Sb
minerals are most likely formed in the immediate vicinity of the oxidizing primary mineral (Diemar et
al., 2008). At very high aqueous Sb concentrations and near-neutral pH conditions, tripuhyite is
formed, a highly stable Fe(lll)-Sb(V) oxide (Burton et al., 2020).

Samples SH2 still contains stibnite and pyrite, indicating that it is not (fully) oxidized yet. In the slag
sample, cervantite was found, the oxidation product of stibnite that is is often encountered in the
stibnite oxidation zone (Ashley et al., 2003).

High variability was observed with respect to the pH of the mine waste samples. Whereas sample
SH1 and SH2 displayed a neutral pH, samples SH3 and SH5 were moderately acidic, and sample SH4
even very acidic (Table 3). These observations suggest that sample SH4 is older, and already
underwent weathering, producing acid mine drainage, while mine waste with a neutral pH and
slightly acidic pH still contains some carbonates, which can buffer acidity produced by the oxidation
of sulfides. The samples with a neutral pH (SH1 and SH2) indeed contained dolomite and carbonate,
whereas these minerals were not found in the other mine waste samples.

No relationship was however found between the S-, and Ca- content of the samples, and the pH. The
slag sample in this study (SL1) is Si-rich slag, with a low Fe content, and an alkaline pH. It is
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characterized by a high Sb content (1.15 wt.%), but low concentrations of As and heavy metals
(Table 2).

Antimony is listed among the 27 critical raw materials for the EU (European Commission, 2017). In
view of resource protection, the potential for recovery of Sb from the mine waste and slags,
considering it as a secondary resource, should be investigated. This asks first of all for a more
detailed mapping and characterization of the mine waste and slags at Mau Due, in order to more
exactly know where highly concentrated waste materials can be found on the site, and estimate how
much of these materials are available. Based on that information, the recovery of Sb from mine
waste and slags could be considered. In a review on the recovery of Sb from end-of-life products and
industrial process residues, Dupont et al. (2016) pointed out that residues from the processing of
metal ores with high contents of Sb are currently discarded or stockpiled, causing environmental
concerns. Technologies for Sb recycling are available, but upscaling of these methods is necessary,
taking into account economic feasibility as well as environmental issues.

4.3 Sb in soils

High concentrations of Sb and other heavy metals and metalloids are usually not limited to the
waste materials stored on mining sites themselves. Soils and sediments, as well as ground and
surface water in and around the mining and smelting sites also suffer from pollution. Several studies
on metallic pollution arising from the mining of Sb-ores, as well as dry fallout/fly ash and solid waste
from smelters have been conducted in the proximity of mining and metallurgical sites. Sometimes
samples were taken on the mining site itself, or in the broader mining area, including soils in the
neighborhood of the site (Table 3). Yuan et al. (2017) found concentrations in the range of 289-3100
mg/kg in soils flooded by smelting wastewater from a former stibnite, antimonite (FeSb,S4) and
plagionite (PbsSbgSi17) smelter. In literature (Table 3), mining-impacted soils with Sb concentrations
up to 11798 mg/kg have been reported (Okkenhaug et al., 2011).

In soil samples taken nearby (up to 1 km from the mine) the Sb mine of the Xikuangshan Sb deposit,
in which stibnite (Sb,Ss) is the only ore mineral, has Sb levels ranging from 101 to 5045 mg/kg (He,
2007). Ishara and Xuan (2013) report that the pollution of soils and sediments due to As and base
metals around the Mau Due stibnite deposits was “weak”, with an average Sb concentration of 932
mg/kg in the soil in the wet season, and 342 mg/kg of Sb in the dry season. The Sb content of stream
sediments are much higher (average of 2536 mg/kg in the wet season and 2504 mg/kg in the dry
season). The soil samples analyzed in the present study were taken close to the smelter, and display
Sb concentrations which are comparable to the concentrations reported in Ishara and Xuan (2013).
Nevertheless, compared to Sb concentrations in soils not affected by mining and smelting activities,
which are of the order of a few mg/kg (Filella et al., 2002), these values cannot be considered ‘weak’,
and clearly carry the signature of the stibnite deposit and related mining and smelting activities in
the area.

Background values for Sb in soils have only been established in a few countries. In Cuba, the quality
reference value, based on the analysis of soils under natural conditions with little or minimal
anthropic interference, was established at 6 mg/kg for Sb (Alfaro et al., 2015). The background
values of Sb in Chinese soils are in the range of 0.8-3.0 mg/kg (Qi and Cao, 1991). In European soils,
(median of a dataset of resp. 783 and 840 samples) Sb concentrations are 0.47 mg/kg in subsoil and
0.60 mg/kg in topsoil. Enrichments of Sb in the soil are mainly related to ore deposits, and old
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mining and smelting areas, with maximum values of 30.3 mg/kg in subsoils and 31.1 mg/kg in
topsoils (Salminen et al., 2005). In a reconnaissance soil geochemical survey near Armidale, New
South Wales (Australia), anomalous soil Sb levels (up to 150 mg/kg) were confined to within 100 m
of known stibnite mineralization (Diemar et al. 2009). Several authors (Wilson et al., 2004; Diemar et
al., 2009) state that the mobility of Sb in soils is quite limited such that Sb levels are confined to the
immediate vicinity of the oxidizing Sb minerals.

Compared to the mine waste and slag samples, the soil samples (SO1 and SO2), taken in the vicinity
of the smelter, were characterized by a lower Si-, Mn-, S- and Fe-content, but higher Mg- and Ca-
concentrations (Table 2).

Arsenic is often found as a pollutant of Sb mining and smelting. However, we found a low to
moderate enrichment of As in the mine waste and the soils, and there was no correlation between
total As and Sb concentrations.

4.4 Water-soluble and reversibly sorbed/exchangeable Sb

The 0.1 mol/lI NaHPO4—extractable Sb concentration is used to estimate the “exchangeable” or
“reversibly sorbed” Sb pool (Ettler et al., 2007). The 0.1 mol/I Na,HPO4.H,0 solution resulted in
slightly higher extractability of Sb compared to an extraction with water (Figure 2). However, this
difference was not significant (p > 0.1). The soil samples SO1 and SO2 showed a low release of Sb
with water (108 and 21 pg/|, respectively) and a slightly higher release with 0.1 mol/I Na,HPO,4.2H,0
(116 and 26 pg/l respectively), which represents 0.73 — 1.25% of the total content in the soil. It
cannot be deduced from the results whether this is due to the effect of increasing phosphate
concentrations or to the increase in pH. For the samples with a pH < 7 (SH3, SH4, SH5, SO1, and
S02), the pH of the phosphate extract was 2 to 4 units higher than the pH measured in water. For
the samples with a pH > 7, this difference was less than 1 pH unit (Figure 2).

Antimony exists as either a neutral species or a negatively charged oxyanion. Phosphate ions can
compete with Sb oxyanions bound to the surfaces of Fe(hydr)oxides, clay minerals and organic
matter. Griggs et al. (2011) demonstrated the increased leaching of Sb in phosphate-treated soils
compared to untreated control soils. Verbeeck et al. (2019), using a 0.1 mol/l Na,HPO4.H,0 solution,
extracted 1-4% of the total Sb in soil samples containing between 0.7 and 24 mg/kg Sb, and a varying
SOM content. Ettler et al. (2007) also used an extraction with the same phosphate concentration as
the present study, and reported a much more pronounced effect of phosphate on the mobilization
of Sb, but the pH of the phosphate extract was also much lower than the pH obtained for our
samples, pointing to a different pH buffering capacity of the soils. Similarly to our results, Park et al.
(2018) reported that phosphate was not effective in the mobilization of an artificially contaminated
soil (Sbit = 100 mg/g). They used a 0.02 mol/l phosphate solution, which is five times more diluted
than the solution used in the present study. Whereas phosphate decreases Sbh(V) adsorption on
goethite, the influence of sulfate is minimal (Essington and Stewart, 2018). In a combined laboratory
and field study, Rouwane et al. (2015) found that Sb release was favored under oxidizing conditions,
particularly when dissolved organic carbon (DOC) increased in soil pore water (up to 92.8 mg/l). At
laboratory-scale, Sb release was much higher under reducing conditions. The release of Sb PO, 3 -
enriched anoxic soils was probably induced by the combined competitive effect of hydrogen
carbonates and phosphates for soil binding sites, pointing to the importance of the (alkaline) pH.
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The low ‘water-soluble’ Sb fraction is in line with what has been reported for other soils impacted by
Sb mining, despite the fact that most published results present data from closed mines.

Murciego et al. (2007) evaluated the water-soluble Sb fraction in mine soils (pH 4.3 — 7.2) following
the DIN 38414-S4 (1984) procedure. This method uses deionized water, with a liquid: soil ratio of
1000 ml: 100 g, and a shaking period of 24 h, and is thus comparable to the EN 12457-2 test. The
water-soluble fraction was in the range of 1-20 mg/kg, accounting for 0.13- 7.33 % of the total Sb
content in the soils. The soluble Sb content in Scottish soils, determined with 1 mol/l NHsNOs was on
average 1.2% (range 0.01-8.8 %) in soils with an acidic to slightly acidic pH (Gal et al., 2007). The
water extracts of topsoils from a polluted Sb smelting site in China contained 5.3-31.6 mg/kg of
soluble Sb, which was 0.7-1.63% of the total Sb content in the soil (Sh et al., 2012).

To simulate the release of Sb from the soil at Su Suergiu (ltaly), Cidu et al. (2014) performed batch
tests with MilliQ water (L/S = 25 I/kg) using Sh-rich soil samples (4400 and 860 mg/kg) with a neutral
pH. 1 to 6% of the total Sb content was released with water after 96 h.

Alvarez-Ayuso et al. (2012) reported soluble Sb ranging from < 0.01-0.779 mg/kg (EN 12457-2 test),
which represented <1% of the total Sb content of the soils (with a pH ranging from 6.6 -8.0). All of
these examples show that the mobility of Sb in soils, affected by mining, at acidic to slightly alkaline
pH is rather low, with generally less than 10% of the total Sb content being released by water
extraction. However, in absolute concentrations, sometimes very high Sb concentrations are found
in the water extracts (e.g., 2.2 mg/|; Cidu et al., 2014, 12.9 mg/I; Murciego et al., 2007) of these
highly contaminated mine soils.

There are no guideline values available for soluble heavy metal and metalloid concentrations in soils.
As a reference, we could compare these water-soluble Sb concentrations in soils with values for
surface and groundwater, and drinking water. In non-polluted waters, total dissolved Sb
concentrations are usually less than 1.0 pg/I (Filella et al., 2002). According to the USEPA (2018), the
maximum contaminant level for Sb in water was set at 6 pg/| for lifetime exposure of a 70 kg adult
consuming 2 | of water daily. Guideline values for one-day and ten-days (10-kg child consuming 1 | of
water per day) are reported as 10 pg/l. In Canada, the maximum acceptable concentration (MAC) for
Sb in drinking water is set at 4 pg/l (Health Canada, 1999). In the European Union, a parametric
standard for Sb is included in the EU Drinking Water Directive (EU, 1998), which equals 5 pg/l. The
World Health Organization (WHO) has provided guidelines for drinking water quality of 20 ug/I
(WHO, 2003), but some polyethylene terephthalate-bottled waters often contain higher levels of Sb
when stored over an extended-time (2 weeks) in high-temperature (60°C) storage conditions
(Carneado et al., 2015). The Sb content from water extraction of the soil samples (SO1 and SO2) are
slightly above 20 pg/I. Despite the fact that this exceeds all guidelines for drinking water quality, we
can still conclude that the solubility of Sb in the soils is rather low, which might be partly explained
by the acid pH of the soils (pH 5.0 and 4.8), favoring the sorption of anionic Sb species.

For the mine waste samples, a longer extraction time (24 h vs. 2h) had a significant effect on the
solubility of Sb, pointing to the importance of reaction kinetics (Figure 2). The European Union
established guideline values, based on the EN 12457-2 leaching test (extraction with water at L/S 10
I/kg, 24 h), to classify waste as hazardous or non-hazardous waste. Based on these guidelines, only
samples SL1 and SH2 exceed the guideline value for hazardous waste for Sb (Figure 3), while samples
SH1 and SH4 also exceed the guideline value for non-hazardous waste.
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Sb mobility is determined by many different parameters, and a comparison between different
studies is not always straightforward. An important aspect here is also that the Sb-content of the
mine waste is not always proportional to the amount of Sb released from the samples. Hu et al.
(2016) even showed that the extent of Sb dissolution is negatively correlated with the Sb-
concentration in the mineral phase. In the present study, the mine waste samples with the highest
Sb content released between 1 and 2% of their total Sb content, while the samples with a lower total
Sb content released less than 0.5 % of their total Sb content. The negative correlation between total
and water-soluble Sb concentrations was thus not found in the present study.

With respect to other contaminants, water-soluble As-concentrations were in the range of 10-572
pg/l, with sample SH3 and SH4 exceeding the guidelines for non-hazardous waste. These two
samples, with an acidic to strongly acidic pH (resp. 5.2 and 2.6), also displayed the highest release of
Cd, Cr, Cu, Ni and Zn. However, the EU guidelines for hazardous waste were only exceeded for Ni
and Cu (Supplementary material, Table S3).

4.5 Influence of pH on the release of Sb

The release of Sb increased towards more alkaline pH (Figure 4). The most prominent release was
observed for the samples with the highest total content of Sb (SH2 and SL1, Table 2). Relative to the
pseudo-total Sb concentration, most Sb was released from the mine waste samples (Figure 4, SH2,
up to 14%; for the other mine waste samples, between 5 and 52 % of Sb was leached with the 0.1
mol/lI NaOH solution), while only 3 % of the total Sb content was released from the slag sample (SL1)
at pH 12 (which equals to 396 + 10 mg/kg, Figure 4).

Figure 4 here

4.5.1 Sb release from soils

From the soil samples SO1 and SO2, resp. 17 and 2 % of the total Sb content was released with

NaOH 0.1 mol/I. Serafimovska et al. (2013) used 0.1 mol/l of NaOH to isolate the soil fraction
containing humic substances from soil samples, and found that between 6.1 and 13.7 % of the total
Sb content was bound to soil humic acids. Using sorption experiments, Buschmann and Sigg (2004)
showed that over 30% of total Sb(lll) may be bound to humic acids. Steely et al. (2007) indicated that
humic acids have a strong binding capacity for Sb, being able to immobilize it in the soil’s organic
layer. Besides the dissolution of humic acids at high pH, sorption of Sb(V) by humic acid also
decreases as the pH increases.

The effect of soil pH on Sb mobility in soil is not always straightforward, and also depends on the
redox status of Sb. In the pH range 2—11, Sb(lll) exists as, Sb(OH)s, a neutral complex, and Sb(V) exist
as the negatively charged Sb(OH)" (Filella et al. 2002). Sb(OH)s is also the main Sb species over a
wide range of Eh values in soil (Wilson et al. 2010).

Tighe et al. (2005b) reported a strong sorption capacity of amorphous Fe-oxides for Sb(V) in the pH
range from 3—6.5. Humic acids can significantly contribute to the sorption of Sb(V) at these pH
values. However, increasing soil pH can decrease the Sb holding capacity of humic acids, both for
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Sb(lll) and Sb(V) (Tighe et al., 2005b, Buschmann and Sigg, 2004). According to Casiot et al. (2007),
Fe-oxides are considered as the main sorbing phase for Sb, and the mobility of Sb(V) in oxidizing
conditions is higher than Sb(lll) because of the smaller charge density and large ionic radius in the
form of Sb(OH)e". Antimony also strongly adsorbs onto clay minerals and hydrous Al-oxides (llgen
and Trainor, 2012; Rakshit et al., 2015). It was not the aim of the present study to deduce the
binding mechanisms of Sb onto soil components. However, based on the information about Sb
occurrence in soil described above, the acidic pH values of the soil (pH 5.0 and 4.8) explain the low
mobility of Sb. A substantial increase in the pH of the soils should be avoided, as this will result in the
release of Sb. Recently, indications were found that Sb mobility increases upon aging of soils,
suggesting that soils affected by historical contamination could have lower Sb mobility and
bioavailability of Sb than recently contaminated soils (Verbeeck et al., 2020b). The Mau Due mine
started its operations in 1993, and is still operational, resulting in both historical and new
contamination. A better understanding of the factors affecting Sb mobility upon aging of soils would
be useful to develop strategies to prevent Sb from migrating downwards to groundwater.

Arsenic is usually also found in the waste from Sb mining, and in soils contaminated by Sb mining
and smelting. In addition, the geochemistry of Sb is often considered similar to that of As, although
more recent studies (e.g. Fu et al., 2016) suggest that significant differences in mobility,
bioavailability and bioaccumulation exist between As and Sb. The extraction with 0.01 mol/I of
NaOH solution released respectively 5.2 and 22.5% of the pseudo-total As-content of soils SO1 and
S02. The release as a function of pH follows the same pattern as Sb (i.e., increased leaching as pH
increases, Figure S1, Supplementary material), but proportionally less As is released from sample
SO1. The natural co-occurrence of As with Sb, which are often believed to behave similarly, but
which is definitely not always the case, offer an interesting further research opportunity for the soils
and waste materials at the Mau Due mine.

4.5.2 Sbrelease from mine waste and slag

With respect to the mine waste and slag samples, the solubility of Sb-bearing minerals can also
explain the leaching of Sb as a function of pH. The solubility of stibnite was modelled for sample SH2,
for which the mineralogical analysis showed the occurrence of 2.9 wt.% of stibnite. Based on the
total Sb concentration in this sample, this would mean that Sb entirely occurs as stibnite. The
solubility of stibnite (taking into account an L/S ratio of 10 I/kg) was then modeled at the different
pH values determined during the leaching tests with water and NaOH- solutions. Based on the
modeling, stibnite completely dissolves at pH 7.5 and higher. However, other Sb-containing minerals
are oversaturated at alkaline pH, with Sb(OH); and Senarmontite (Sb,0s) displaying the highest
saturation indices (Supplementary material, Table S4). However, when precipitation of the
oversaturated minerals was included in the model, only Sb(OH); precipitated. When we compare the
amount of dissolved Sb as found experimentally, with the amount of Sb that would be dissolved
according to the model (Figure 5a), we see that the dissolution and precipitation reactions alone are
not sufficient to explain the pH-dependent release of Sh. At pH values 7.5 and 8.2, less Sb is found in
solution than predicted by the model.

Besides stibnite, sample SH2 also contains clay minerals -and feldspars which can play a role in the
sorption and desorption of Sb. At alkaline pH values, Sb occurs as a negatively charged species,
which will desorb from negatively charged surfaces of clay minerals and feldspars. The Sb that is
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released is apparently not precipitated as Sb(OH)s, most likely because of slow reaction kinetics.
Besides mineralogy and pH, microorganisms also contribute to the dissolution of Sb-minerals, such
as stibnite, and thus contribute to the release of Sb(V) in groundwater and surface water (Loni et al.,
2020). The progressive (chemical and microbial) dissolution of stibnite, followed by microbial
oxidation to Sb(V) decreases the toxicity of Sb(lll) to microorganisms. Moreover, Sb(V) can be
incorporated in goethite (Burton et al. 2020) or in Sb(V)-bearing mopungite (NaSb(OH)s) (Multani et
al., 2016).

In the slag sample, modeling with PHREEQC indicates that the dissolution of cervantite increases
with increasing pH, but that Sb precipitates again as SbO,. At pH values 9.5 and 10.6, a good fit
between the model and the experimental results is obtained when only dissolution of cervantite is
considered (without precipitation of SbO,) (Figure 5b). However, at pH 12.1, the model predicts a
much higher release of Sb than is actually the case (experimental results), which indicates that Sb
most likely precipitates at pH 12.1. When precipitation is allowed in the model, Sb-concentrations
are underestimated by the model. This difference can be explained by slow precipitation and
reaction kinetics, Besides the dissolution and precipitation of Sb-bearing minerals, the desorption of
Sb from reactive surfaces (e.g. augite) might also play a role here

With respect to As, the release of As from the mine waste and the slag sample was very low, even
when the pH increased up to a pH of 11. Ata pH > 12, 2 to 27% of the total As-content was released.
For the heavy metals, the pH increase resulted in a decrease of soluble concentrations.

Figure 5 here

5. Conclusion

The present study shows that, when mine waste stored on the site of the Mau Due mine comes into
contact with water, it leaches up to 1.7% of its total Sb content. However, because of the high Sb
content of some of the materials (up to 2.7 wt.%), high dissolved Sb concentrations are found in the
leachates. Two of the investigated samples (SH2 and SL1) are listed by the EU as absolutely
hazardous waste, because of the leaching potential of Sb. Especially in the rainy season, leaching of
Sb from the mine waste and slags can contribute to the dispersion of Sb.

In all samples, an increased release of Sb was observed from pH 7.5 to 12.8. Modeling also indicated
that the dissolution of stibnite and re-precipitation as Sb(OH)s is not the only factor that explains Sb
solubility. Desorption reactions and the incorporation of Sb in mineral phases are most likely also
important factors in the retention and release of Sb from the waste materials and slags.

As long as the mine is operational, the release of Sb into the environment surrounding the mine (i.e.,
surface water, groundwater, soils and air) should be avoided. For the immobilization of Sb, several
pathways could be envisaged. Microorganisms can, under natural conditions, also decrease the
(mobile) Sb(V) concentration to some extent via the formation of secondary Sb(V)-bearing minerals
(Loni et al., 2020) or through incorporation in Fe(hydr)oxides such as goethite (Burton et al., 2020),
which offer new ideas about Sb(V) (bio)remediation.

However, immobilization of Sb is not sufficient to mitigate the risks posed by the uncovered waste
and slag heaps. The waste heaps consist of fine-grained material, that can be prone to wind erosion
in the dry season. Therefore, measures to prevent the further dispersion of Sb and other potentially
hazardous elements, both via wind erosion, should be put in place. In order to establish regulations
for environmental protection, it is necessary to raise governmental and public awareness. The high
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concentrations of Sb imply an important potential hazard for soils, water bodies, and the food chain,
for which appropriate measures are necessary.

Finally, two samples taken from the waste heaps showed Sb concentrations around 1-2 wt%. Further
characterization of mine waste found within the mining site and the slags stored next to the refinery
should give more detailed information on the chemical and mineralogical composition of the mine
waste, as well as the heterogeneity in the composition. Based on the types (i.e., different
mineralogical composition and Sb content) of mine waste found on site, an investigation on the
feasibility of recovering Sb from these ‘waste materials’ is recommended.
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Figure and table captions

Figures
Figure 1 Representation of the sampling locations (aerial photographs from Google maps (2020),
pictures from Le Thi Thuy Van).

Figure 1 Soluble Sb concentrations released from the slag (SL) and mine waste (SH) and soil (SO)
samples with water (after 2 and 24 h of shaking) and with a 0.1 mol/l Na,HPQ4.2H,0 solution.
Average + standard deviation of 2 replicates. The number on top of each bar is the pH of the solution
after extraction. For the soil samples, Sb concentrations obtained after the EN 12457-2 test were
below detection limit.

Figure 2 Release of Sb as a function of pH from a mine waste (SH2), slag (SL1) and soil (SO1) sample.
For comparison, the release of Sb with the Na,HP04.2H,0 0.1 mol/l solution is also indicated.
Average of two replicates. When error bars are not visible, they are smaller than the marker.

Figure 3 Comparison of the multi-acid digestion method and the LiBO; fusion for Sb and Fe. Average
of 2 replicates

Figure 4 dissolved Sb concentrations as a function of pH : experimental and modelled results for (a)
sample SH2 and (b) sample SL1

Tables
Table 1 Operational parameters of the different extractions

Table 2 Elemental composition of the samples investigated in this study. Trace elements were
determined after multi-acid digestion; major elements were determined with LiBO; fusion.

Table 3 Antimony concentrations in soils impacted by mining and smelting activities reported in
literature (non-limiting overview, in chronological order). The different digestion and analytical
techniques are also given.
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Table 1 Operational parameters of the different extractions

Extraction L/S ratio | Extraction time | Reference
Demineralised water 10 I/kg 2h Ettler et al. (2007)
Na;HPO4.2H,0 0.1 mol/I 10l/kg | 2h Ettler et al. (2007)
NaOH 0.005, 0.01, and 0.1 mol/I | 10 I/kg 24 h This work
Demineralised water 10 I/kg 24 h EN12457-2 (2002).




Table 2 Elemental composition of the samples investigated in this study. Trace elements were determined after multi-acid digestion; major elements were determined after
LiBO; fusion.

As cd Cr Cu Ni Pb Sb Zn

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg
SH1 115 + 33 9.0 % 0.14 57 £+ 01 124 * 04 112 £ 15 31 * 271 3785 * 112 427 * 107
SH2 130 * 53 73 * 044 88 * 15 55 * 46 95 * 1.8 23 + 134 15699 * 1031 345 * 17
SH3 167 *+ 31 50 % 143 141 * 038 75 * 10 91 * 27 26 * 0.76 191 * 0.6 430 * 100
SH4 114 * 36 13 * 0.04 59 £+ 06 179 * 74 65 + 1.8 39 £ 0.93 407 * 16 33 £ 16
SH5 54 + 32 18 * 016 116 * 04 69 * 0.2 55 + 0.1 37 + 043 299 * 50 149 * 10
SL1 10 + 15 11 % 0.14 26 £ 03 25 = 13 19 + 03 5 % 0.02 11522 * 317 115 % 11
SO1 244 * 10 10 * 0.02 94 * 11 41 * 04 15 + 0.9 21 * 0.01 47 % 13 36 £ 0.1
SO2 38 £ 06 04 % 0.00 52 £ 49 23 £ 0.6 14 * 0.7 22 * 1.76 95 + 17 26 + 0.7

Al Ca Fe K Mg Si S pH

wt.% wt.% wt.% wt.% wt.% wt.% mg/kg

SH1 2167 * 091 220 * 0.087 571 * 0.11 506 * 0.17 1.75 ¥ 0.13 280 * 1.62 26500 * 224 7.0 * 0.01
SH2 1758 * 091 0.10 * 0.003 430 * 0.03 475 * 0.21 127 *+ 0.06 343 * 148 34900 * 1890 7.3 * 0.05
SH3 19.11 * 0.76 1.11 * 0.049 7.87 * 033 447 * 0.17 223 * 0.08 293 * 100 22100 * 537 5.2 * 0.28
SH4 16.28 * 0.52 0.02 * 0.002 532 * 0.14 282 * 0.08 065 * 0.02 356 * 095 21700 * 208 2.6 * 0.02
SH5 1897 * 0.10 0.01 * 0.003 2.15 * 0.02 464 * 0.05 1.06 £ 0.00 385 * 0.72 8480 * 40 40 * 0.01
SL1 223 * 0.00 321 * 0.050 099 * 0.01 0.31 * 0.00 141 * 0.03 441 * 042 1550 * 8 9.5 * 0.02
SO1 570 * 035 733 * 265 326 * 133 1838 * 0.83 433 * 157 198 * 6.99 97 * 1 5.0 £ 0.07
SO2 1192 * 038 7.66 * 0.14 399 * 0.07 290 * 0.07 421 * 0.07 242 * 0.64 47 £ 4 48 * 0.15




Table 3 Antimony concentrations in soils impacted by mining and smelting activities reported in literature (non-limiting overview, in chronological order). The different

digestion and analytical techniques are also given.

Location

Source of Sh

Sb concentration
in soil

Method of analysis

reference

Soils around five historic mining areas in the UK

Mining area (Cu, Pb, Zn, As, and Sb)

0.5-40.6 mg/kg

HG-FAAS analysis after digestion with HClO4,
HNOs3, HCI

Flynn et al. (2003)

Forests and tilled soils, Pribram, Czech Republic

Mining, Sb mineralisation in Pb-Ag-
Zn mineralization

7.72-705 mg/kg

ICP-MS analysis after acid digestion with
HClO4/HF

Ettler et a. (2007)

Soils in and around the mining area, Glendinning, Scotland

Mining, polymetallic mineralisation
including stibnite

14.0-673 mg/kg
10.3-1200 mg/kg

ICP-AES analysis after microwave Aqua Regia
destruction

Gal et al. (2007)

Topsoils, Extremadura, Spain Sb-mining area 14.3-5180 mg/kg INAA Murciego et al.
(2007).
Soils from a mining site, Hunan, southwest China Xikuangshan Sb mine 10-2159 mg/kg AFS analysis after Aqua Regia digestion Wang (2009)

Garden and Industrial soils, Baia Mare, Romania

Area contaminated by dust from
metallurgical plants

0.85-40.06 mg/kg

ICP-AES analysis after hotplate Aqua Regia
destruction

Oprea et al (2010)

Soil samples (B horizon) in the vicinity of the Bayley Park
Sb prospect near Armidale, NSW, Australia

Sb-mineralisation area (no mining)

Up to 150 mg/kg

Not mentioned

Diemar et al. (2009)

Technosols with pH values of 3.5-7.0 Poprog¢, Slovakia

abandoned Sb-deposit Popro¢

13.4-5757 mg/kg

ICP-OES and ICP-MS analysis after acid

Jurkovic et al.

digestion (2010)

Soils from Sierra Minera, Murcia, Spain 5-40 mg/kg HG-AFS analysis after microwave digestion Pérez-Sirvent et al.
with HF/HNO3 (2011)

Soils from a mining site Xikuangshan, Active Sb mining area 527-11798 mg/kg HG-ICP-OES analysis after closed microwave Okkenhaug et al.

southwest China HNOs/HF digestion (2011)

Agricultural soils, Zamora, Spain Mining, hydrothermal Pb—Sb—Ag- 14.1-324 mg/kg ICP-AES analysis after microwave Aqua Regia | Alvarez-Ayuso et al.

rich deposit destruction (2012)

Industrially polluted areas in Bulgaria end Macedonia 2.5-105 mg/kg ETAAS analysis after hot plate digestion with Serafimovska et al.

HNO3/HCI/HF (2013)

Soils from an abandoned mine, Sardinia, Italy

Su Suergiu the antimony deposit

<8 — 4400 mg/kg

ICP-MS analysis after microwave digestion
with H202/ HF/HCI/ HNO3s/

Cidu et al. (2014)

Soils from close to the spoil heap, Glendinning mine, SW
Scotland

Former Sb mine

6.77-261 mg/kg

ICP-OES analysis after ashing and HF/HNOs
digestion

Mcgregor et al.
(2015)

Soils from a mining site, Hunan, southwest China

Banpo Sb mine

267-5633 mg/kg

ICP-MS analysis after acid digestion with
HNOs/HF

Ning et al. (2015)

Soils in the vicinity of smelter, Xikuangshan Hunan,
southwest China

Xikuangshan mining area

3.23-6946 mg/kg

HG-AFS after digestion with HNO3/HF/H2S04

Fu et al. (2016)

Soils in and around the mining area, Glendinning, Scotland

Mining, polymetallic mineralisation
including stibnite

108 - 15490 mg/kg

ICP-MS analysis after HNOs and H202
digestion

Mbadugha et al.
(2020)

AFS = atomic fluorescence spectrometry, HG = hydride generation, ICP = induced coupled plasma, ETAAS = Electrothermal Atomic Absorption Spectrometry, FAAS = Flame Atomic absorption
spectroscopy, MS = mass spectrometry, INAA = Instrumental Neutron Activation Analysis, OES = optical emission spectrometry




