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Abstract

In this study, the degradation of ciprofloxacin (CIP) in wastewater was investigated using UV-
based sulfate radical advanced oxidation processes (SR-AOP) and UV-based advanced
reduction processes (ARP). More specifically, a comparison of the UV-based persulfate
advanced oxidation process (the UV/PS process) and the UV-based sulfite advanced reduction
process (the UV/sulfite process) was made. As for the UV-based SR-AOPs, the UV/PS process
was much more efficient than the UV-based peroxymonosulfate advanced oxidation process
(the UV/PMS process), with pseudo first order reaction rate constants (Kobs) of 0.752 and 0.145
min, respectively. For the UV-based ARPs, the UV/sulfite process was the most efficient,
compared to the UV/sulfide and the UV/dithionite process (kobs 0f 0.269, 0.0157 and 0.0329
min, respectively). The optimal process parameters for both the UV/PS and the UV/sulfite
process were determined and the contribution of the produced reactive species were identified.
For the UV/PS process, maximal CIP degradation was found at pH 8, and both «OH and «SO4
were responsible for CIP degradation. For the UV/sulfite process, *H and +eaq” were responsible
for CIP degradation, with <e.q” being the predominant radical at pH 8.5. Although CIP
degradation was much faster for the UV/PS process, the UV/sulfite process was determined to

be much more efficient in the defluorination of CIP.
Keywords

Sulfate radical based advanced oxidation processes — advanced reduction processes —

ciprofloxacin — defluorination



44

45

46

47

48

49

50

51

52

53

54

55

56

57

58

59

60

61

62

63

64

65

66

67

1. Introduction

The presence of contaminants of emerging concern (CECs) in the aquatic environment is a
widely known problem nowadays. CECs (pharmaceuticals, personal care products, endocrine-
disrupting compounds,..) are increasingly found in the aquatic environment mainly due to their
inefficient removal by conventional wastewater treatment processes (Kim et al., 2018; Petrie et
al., 2014; Taheran et al., 2018). These CECs pose a serious threat to the aquatic environment
due to their possible chronic toxicity on aquatic organisms, even if they are present at very low
concentrations. A thorough and in-depth knowledge is currently lacking to assess the real risk
that comes along with the presence of these substances on a long-term basis. Moreover, these
emerging compounds are not individually present in the aquatic environment, but are found in
mixtures. The literature has stated that mixtures of certain compounds may exhibit synergistic
effects, enlarging the already existing problem of possibly chronic toxicity (Mezzelani et al.,
2018; Petrie et al., 2014). Additionally, there is a limited understanding of the fate of these
compounds once they enter the environment: it is not clear whether they are preferentially
present in the soil or the aquatic phase (Petrie et al., 2014). Because of this lack of knowledge,
various countries are currently working on the development of a legal framework regarding the
presence of CECs (Caliman and Gavrilescu, 2009; Ebele et al., 2017; Mezzelani et al., 2018;
Taheran et al., 2018). In Europe, this development is supported by severely increasing efforts
to monitor CECs in natural water bodies, as stated in the EU Water Framework Directive
(2000/60/EC), where a list of priority substances was proposed and is frequently updated.
However, in developing countries, this is much less the case, complicating this challenge

(Fekadu et al., 2019).

Besides the above mentioned problems, pharmaceuticals and more specifically antibiotics, pose

an even bigger threat because of their role in the development of antibiotic resistant genes
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(Gadipelly et al., 2014; Taheran et al., 2018). Hence, the removal of these compounds from

wastewater is a priority.

Conventional wastewater treatment processes are insufficient for the removal of most emerging
compounds (Petrie et al., 2014). Therefore, various advanced removal processes have been
proposed, such as the use of ozone (O3), hydrogen peroxide (H202), a combination of Oz and
H20, (peroxone process), Fenton and Fenton-like processes, ... (Boczkaj and Fernandes, 2017;
Dewil et al., 2017). In this study, two distinct but complementary processes regarding their
performance in the removal of organic contaminants are investigated: sulfate radical based
advanced oxidation processes (SR-AOPs) and advanced reduction processes (ARPS) using
sulfur-based precursors. The main similarity uniting both processes is their mechanism of
action: both processes rely on the production of reactive species which efficiently react with
the target contaminant (Wactawek et al., 2017; Xiao et al., 2017b). The main difference between
both processes is the nature of the produced reactive species: SR-AOPs produce highly
oxidizing reactive species (e.g., *SO4” (mainly) and «OH), whereas ARPs rely on the production
of highly reducing species (*SOz", *€aq’,*H, *SO,” and HS*") (Wactawek et al., 2017; Yu et al.,
2018), leading to a degradation of the target contaminant via an oxidative or reductive pathway,
respectively. Furthermore, ARPs are specifically suitable for the treatment of halogenated
organics (which are less prone to oxidation), efficiently breaking the carbon-halogen bond by
introducing reactive reducing species (Li et al., 2012; Yang et al., 2020). SR-AOPs in general,
however, are found to be suitable to degrade a myriad of molecules, because they combine the
selective nature of «SO4  (reaction mainly through electron transfer) and the non-selective
nature of «OH (various reaction routes with equal preference) (Ghanbari and Moradi, 2017). A
disadvantage of SR-AOP is that the formed degradation products can exhibit a higher toxicity
than the original target compound, while for ARP, the toxicity of the formed degradation

products is generally lower (Garc B-Galan et al., 2016; Yu et al., 2013).
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Both SR-AOP and ARP rely on the activation of specific precursors to produce their respective
reactive species. In order to conduct a reasonable comparison between ARP and AOP

processes, UV-based activation processes are investigated in this study.

In SR-AOPs, oxidizing radicals are produced under UV irradiation using two different
precursors/oxidants: (i) peroxydisulfate (PS, S,0s*) and (ii) peroxymonosulfate (PMS, HSOs"
). The radicals are produced according to Egs. (1) and (2) for PS and PMS, respectively. With
an oxidation potential of 2.5-3.1 V for «SO4 and 2.8 V for «OH, these reactive species are
considered to be highly oxidizing (Wang and Wang, 2018; Xie et al., 2015). Other activation
methods of these precursors include activation using heat, transition metals, ultrasound, ...

(Fedorov et al., 2020; Wang and Wang, 2018).
uv
UV/PS: S,05~ — 2 « S0, (1)

uv
UV/IPMS:  HSO; — «SO; ++ OH )

For ARP processes, reducing radicals can be produced using three types of
precursors/reductants: (i) sulfite (SOs%), (ii) dithionite (S204*) and (iii) sulfide (S%). Here, the
reactive species are produced according to Egs. (3)-(4), (5) and (6), respectively. It has been
reported that *esq” and *H have a reduction potential of 2.9 V and 2.7 V, respectively (Xiao et
al., 2017a). «SO3z", however, has an estimated reduction potential of 0.63 V only, and contributes
mainly to the transformation between radicals, while SO, and HS*" have a reduction potential
of 0.66 V and 0.45 V, respectively (Mayhew, 1978; Melsheimer and Schlcygl, 1997; Neta and

Huie, 1985).
. uv
UV/sulfite: S037 > 8503 + ey (pH>7) 3)

uv
HSO3 —» ¢S50; +H (pH<7) 4)
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uv
UV/dithionite: S,02= > 2505 (5)

UV/sulfide: HS™ ud HS™ (excited state) (6)

In this study, the above discussed processes are tested for the degradation of ciprofloxacin
(CIP), an antibiotic fluoroguinolone compound, which is used to treat several bacterial
infections. Among the antibiotic compounds, fluoroquinolone compounds are most frequently
detected in the aquatic environment. A study by Johnson et al. (2015) stated that the
consumption of ciprofloxacin in Europe was estimated to be 0.652 mg/cap/day, compared to
0.418 mg/cap/day and 0.82 mg/cap/day for the commonly used antibiotics trimethoprim and

sulfamethoxazole, respectively (Guo et al., 2017; Johnson et al., 2015).

The aim of this research is to investigate the potential of different UV-based SR-AOP/ARP
processes for the degradation of CIP and to select the best performing SR-AOP and ARP
processes. Hereafter, the influence of different process parameters for the best SR-AOP and
ARP processes is investigated and compared. Additionally, the release of fluorine from CIP is
an interesting parameter to compare the degradation mechanism of the optimized SR-AOP and

ARP processes, and confirm the benefits of ARP as a dehalogenation process.
2. Materials and methods

2.1 Chemicals

High purity CIP was purchased from Sigma-Aldrich. A stock solution of CIP (120.84 M) was
prepared in Milli-Q water, and diluted 2 times in ultrapure water for the degradation
experiments, resulting in a concentration of 60.42 M. Sodium sulfite (Na.SO3) and sodium
dithionite (Na2S204) were purchased from Fisher Chemical (> 97%), and sodium sulfide (Na2S)
was purchased from Acros Organics. HPLC grade acetonitrile (ACN) and formic acid (FA)

were obtained from Fisher Chemical (> 97%) and Honeywell (>98%), while ammonium
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formate (99%) was obtained from Acros Organics. For the lon Chromatography (IC) analysis,
sodium bicarbonate (NaHCOs3, Fisher Chemical, 99.5+%), sodium carbonate (Na.COs, Merck),
nitric acid (HNOs, Acros Organics, 65%), 2,6-pyridinedicarboxylic acid (DPA, Sigma Aldrich,
99%) and oxalic acid (Acros organics, 98%) were used. Methanol (MeOH, Acros Organics,
HPLC grade), sodium hydroxide (NaOH, Acros Organics), sulfuric acid (H2SOas, Fisher
Chemical, >95%), ethanol (EtOH, Fisher Chemical, analytical reagent grade), t-butanol (TBA,
Acros Organics, 99.5%), potassium iodide (KI, Acros Organics, 99+%), sodium bicarbonate
(NaHCO3, VWR, reagent grade), peroxymonosulfate (PMS, HSOs) in the form of oxone
(KHSO5.0.5KHS04.0.5K2S04, Merck, synthesis grade) and potassium persulfate (K2S20es,
Fisher Scientific, reagent grade) were used in the experiments. All solutions were prepared with

Milli-Q water purified using a Milli-Q Millipore system (18MQ cm™) (Merck).

2.2 Experimental set-up

All experiments were conducted in a sealed lab-scale cylindrical photo-reactor, similar as in
previous research (Yu et al., 2020). A quartz tube was located centrally in the reactor containing
a low-pressure UV mercury lamp (Phillips TUV PL-L, Poland, with a wavelength of
approximately 253.4 nm). The light source was switched on for at least 5 min prior to starting
the experiments to pre-heat and obtain a stable photo flux output. For the ARP experiments, the
reaction mixture was purged with nitrogen gas to displace any dissolved oxygen in the system
before starting any experiment. A homogeneous reaction mixture was obtained by continuous
stirring. The temperature of the reaction mixture can be significantly influenced by the heat
emitted by the UV lamp during the irradiation process. Therefore, the reaction mixture was

constantly cooled by circulating tap water around the reactor.

For the degradation experiments, a predefined stock solution of CIP and the oxidant/reductant
were mixed (total volume of 800 mL and an initial CIP concentration of 60.42uM) and

subsequently exposed to UV irradiation. During the reaction, approximately 2 mL of sample
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was taken from the reaction mixture at regular time intervals and transferred to vials for further
analysis. For the SR-AOP experiments, methanol was added to the samples to avoid
degradation of CIP by residual oxidant present in the sample. Therefore, 0.5 mL of methanol
was added to a vial containing 0.5 mL of sample. For the ARP experiments, the reduction of
CIP in a reaction mixture with sulfite only was observed to be negligible (less than 1%
degradation in 48 h at a sulfite dosage of 1 mM), so the residual CIP concentration was analyzed
within 12 h without quenching the residual sulfite in the sample. In first instance, the
combination of UV with different reagents (oxidants and reductants) was tested to compare
their abilities in degrading CIP and to screen the most promising oxidant/reductant for further
study. Hereafter, one type of oxidant/reductant was chosen and used for further experiments.
The influence of the oxidant/reductant dosage, UV power (5, 9 and 18 W) and initial pH value
were studied in batch experiments. To evaluate the contributions of various radicals produced
in the reaction mixture during the CIP degradation, radical scavenging experiments (for both
the ARP and AOP processes) were conducted at different initial pH. The fluoride (F)
concentration was analyzed to explore the difference in defluorination efficiency for both
processes. All experiments were performed at least in duplicate to observe the reproducibility

and average values are reported.

2.3 Analytical techniques

The CIP concentration was analyzed using High Performance Liquid Chromatography (HPLC-
UV). An Agilent 1100 HPLC system (Agilent Technologies, Waldbronn, Germany) was used.
The system consisted of a quaternary pump, an autosampler and a VWD detector (280 nm).
The separation was carried out using a C18 column (Zorbax Eclipse Plus, 4.6 x 100 mm; particle
size (dp): 3.5 um). As mobile phases, (A) 10 mM ammonium formate in water, adjusted to pH
2.8 with FA and (B) ACN were used. The analysis method consisted of a gradient, starting from

10% B and linearly increasing to 15% B in 15 min. Hereafter, the column was reconditioned
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for 5 min at the initial conditions. The flow rate was set at 1 mL/min and the injection volume
was 3 L. The CIP calibration curve was constructed at 8 concentration levels (1-50 ppm). A
linear calibration curve regression with a coefficient of determination (R?) > 0.999 was
obtained. The limit of detection (LOD, S/N > 3, n=5) and quantification (LOQ, S/N > 10, n=5)

were determined to be xxx and xxx, respectively.

The residual PS concentration was measured similar as in previous research (Milh et al., 2020).
Fluoride concentrations in the samples were measured using lon Chromatography (I1C). A 883
Basic IC Plus system (Metrohm) was used, equipped with a Metrosep A Supp 5 anion column
(Metrohm, 250 x 4.0mm, dp: 5jam) and a Metrosep C6 cation column (Metrohm, 150 x 4.0mm,
dp: 5pm). As mobile phases, 1 mM NaHCOs and 3.2 mM Na>COs in water were used for the
anion eluent and 1.7 mM HNOsand 1.7 mM DPA in water was used for the cation eluent. The
suppressor acid consisted of 500 mM H>SO4 and 100 mM oxalic acid in water. The injection
volume was 20 L. All solutions were made in ultrapure water and degassed prior use. The
calibration curve for fluoride ions was constructed at 5 concentration levels (0.1-2.5 ppm). A
linear calibration curve regression with a coefficient of determination (R?) > 0.999 was
obtained. The limit of detection (LOD, S/N > 3, n=5) and quantification (LOQ, S/N > 10, n=5)

were determined to be xxx and xxx, respectively.

3. Results and discussion

3.1 Screening: ARP vs. AOP
First, different AOP and ARP processes were tested for the removal of CIP. The best SR-AOP

process was then further compared with the best ARP process.

For the SR-AOP processes, the UV/PS and the UV/PMS process were evaluated. The results

are shown in Fig. 1. Both processes were found to fit a pseudo first order kinetic model well.
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Similar to Sharma et al. (2015), the pseudo first order reaction kinetics model was fit to the
obtained degradation profiles (for both AOP and ARP processes). In this way, the observed
reaction rate constants (Kobs) were determined for all experiments (Sharma et al., 2015). The
pseudo first order fit is in agreement with several previous publications (Lin and Wu, 2014; Liu
et al., 2013a, 2013b; Luo et al., 2016). The kops were 0.752 and 0.145 min™ for the UV/PS and
UV/PMS process at an oxidant dosage of 1.1 mM, respectively. The efficiency of the UV/PS
process is hence much higher compared to the UV/PMS process, resulting in a full CIP
degradation in only 10 min reaction time, compared to a CIP degradation of 79% after 10 min
reaction time for the UV/PMS process. In these experiments, the pH of the solution was not
adjusted, and was 6 and 3.3 for the UV/PS and the UV/PMS process, respectively (PMS is more
acidic than PS). The obtained results are in agreement with the literature, where the UV/PS
process was also found to be more efficient in degrading ciprofloxacin in distilled water than
the UV/PMS process, even when both experiments were conducted at pH 7.5 (Mahdi-Ahmed
and Chiron, 2014). Here, the decrease in degradation efficiency in the UV/PMS process was
explained by the formation of the (less reactive) radical *SOs". Thus, the UV/PS process was
chosen as the best AOP process for further comparison with ARP processes. The efficiency of
this process also shows when calculating the synergistic coefficient (F), which resembles the
enhancement in efficiency when combining UV with PS, compared to using only UV (results
shown in paragraph 3.4) and PS, respectively. In a similar way to Ran and Li (2020), the
synergistic coefficient was calculated for the UV/PS process and determined to be 10.7 (Ran
and Li, 2020), indicating a significant enhancement of the CIP degradation when UV was
combined with PS. The contribution of PS only to the degradation of CIP was found to be

negligible over the observed reaction time.

For the ARP processes, the UV/sulfite, UV/dithionite and UV/sulfide processes were tested at

the same reductant concentrations and pH conditions (pH 8.5). The results and conditions are

10
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shown in Fig. 2. The highest degradation efficiency for CIP (99%) was obtained by the
UV/sulfite process after 30 min reaction time. In contrast, the UV/dithionite and UV/sulfide
processes led to much lower degradation efficiencies of around 32% and 55%, respectively.
The obtained kops for the UV/sulfite process was 0.269 min™, while the kobs for the UV/dithionite
and the UV/sulfide process were 0.0157 and 0.0329 min™, respectively. Similar results were
found in previous studies, where the difference in degradation efficiency was attributed to the
different reductive capabilities of the reactive species generated in the different ARP processes
(Liu et al., 2013a; Van Doorslaer et al., 2011). Consequently, the UV/sulfite process was
regarded as the most effective for the degradation of CIP and will be further used in the
following sections. The calculation of the synergistic coefficient for the UV/sulfite process,

resulted in 2.5, which is much lower compared to 10.7 in the UV/PS process.

100%
90% —a— UV/PMS
80% - —e— UV/PS
70% -
60% -

50% -

[CIP]/[CIP],

40%

30% A

20%

10% H

0% -
0 5 10 15 20 25 30

Time (min)

Fig. 1: Oxidant screening for CIP degradation: AOP system.
Conditions: [CIP]o = 60.42 UM, [PS]o = [PMS]o = 1.1 mM, UV power = 18 W.
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Fig. 2: Reductant screening for CIP degradation: ARP system.
Conditions: [CIP]o = 60.42 piM, [Sulfite]o = [Dithionite]o =[Sulfide]o = 1 mM, UV power = 18 W.
3.2 Influence of oxidant/reductant concentration
To investigate the influence of the oxidant/reductant dosage, different initial concentrations of
PS/sulfite ([PS]o/[sulfite]o) were added to the reaction mixture. Kops Was determined for every
experiment for both the SR-AOP and ARP processes. The results showed a similar trend for

both SR-AOP and ARP processes (Fig. 3).

As shown in Fig. 3, for the UV/PS process, Kobs initially increases linearly with increasing [PS]o
(at low [PS]o, kobs = 1.028>{PS]o + 0.0761, R? = 0.9507). This linearity was also reported by
Guo et al. (2017) (Guo et al., 2017). At higher [PS]o, the increase in kobs diminishes, indicating
an inhibition of the degradation rate. These observations confirm results previously published
by Khan et al. (2017), who investigated the UV/PMS process, and attributed the increase in Kobs
at lower oxidant concentrations to an increase in radical formation. The inhibition at high

oxidant concentration could be attributed to an increase in radical-radical and radical-persulfate

12
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interactions (Khan et al., 2017). From these experiments, a [PS]o of 1.1 mM was chosen for

further experiments.

For the UV/sulfite process, similar results were found: the kobs values increased linearly (Kobs =
0.193>{sulfite]o + 0.0534, R? = 0.9225) from 0.0703 to 0.269 min? as the sulfite dosage
increased to 1 mM. When further increasing the sulfite concentration from 1 to 2 mM, Kossonly
increased slightly from 0.269 to 0.297 minL. This trend can, in a similar way as the UV/PS
process, be attributed to the occurrence of radical-radical interactions (Jung et al., 2015;

Yazdanbakhsh et al., 2018).

0.9 7
0.8
0.7
0.6 - i

0.5 -

kobs (min_l)

0.4 ~

0.3 1 )

0.2 1 o
® UV/PS

O UV/sulfite

011e

0 - T T T T
0 0.5 1 1.5 2

[oxidant/reductant], (mM)

Fig. 3: kobs as a function of initial oxidant/reductant concentration.
Conditions: [CIP]o = 60.42 piM, non-adjusted pH, UV power = 18 W.

3.3 Influence of UV intensity

Low-pressure UV lamps of different power (5, 9 and 18 W) were used to investigate the
influence of the UV intensity on the degradation efficiency of CIP. For the UV/sulfite and the
UV/PS process, the results are depicted in Fig. 4a and 4b, respectively. For the UV/PS process,

a steep increase in Kops can be observed with increasing UV power (an increase of a Kops Of
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0.2051 mint at 5W to 0.752 min™ at 18W). In the UV/sulfite process, the degradation rate

increased linearly from 0.084 to 0.269 min™.

This can be explained by the increase in number of photons released at higher power, leading
to a higher production of reactive species in both systems as well as an increase in direct UV
degradation of CIP (see further) (Kamel et al., 2009). Similar trends were found for the
UV/H20> process by Somathilake et al. (2019), by Kanjal et al. (2020), who investigated this
for the UV/PMS process and by Liu et al. (2013) who found this for the UV/sulfite process

(Kanjal et al., 2020; Liu et al., 2013b; Somathilake et al., 2019).

0.3 -
A ® UV/sulfite B %% euvps

0.7 4
0.6 -
0.5 1

0.4 4

kobs (mi n-l)
o
&
°
Kops (min)

0.3 4

0.2 1

0.1 1

o s 0 15 2 0 5 10 15 20
Power (W) Power (W)

Fig. 4: kobs as a function of UV lamp power for (A) the UV/sulfite and (B) the UV/PS process.
Conditions: [CIP]o = 60.42 M, non-adjusted pH, (A) [SO3*]o = 1 mM, (B) [PS]o = 1.1 mM.

3.4 Influence of initial pH

The SR-AOP and ARP degradation experiments were conducted at different initial pH values
to assess the influence of pH on the degradation efficiency. The pH of the solution has a
significant influence on (i) the ionization state of CIP, (ii) the ionization state of the
oxidant/reductant and (iii) the produced reactive species. It was chosen to conduct the
experiments at initial pH values of 3, 6, 8/8.5 (SR-AOP/ARP) and 10. Because no buffer was

used, the pH was free to change during the experiments. For every SR-AOP experiment, the

14
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pH decreased to a final value of +3. For the ARP experiments, no significant pH change was

observed during the selected reaction time.

The different ionization states of CIP over the range of relevant pH values are shown in Fig. 5.

@pr s el ﬁrﬁ* e cens

HN
pKa, = 3°4HN\) A pKa, = 505HN pKa3 6.95H4 N\) ApKa =895 \) A

CIP3 ciP cip cIp* cIP

Fig. 5: Distribution of CIP, adapted from A. Salma et al. (2016) (Salma et al., 2016). Made in MarvinSketch (version 20.9).

Under acidic conditions, the protonated forms of CIP are predominant (CIP**, CIP?* and CIP*").
The degree of protonation decreases with increasing pH. Around pH 7-8, CIP is present in its
neutral/zwitterionic form (CIP°) and under alkaline solutions, CIP exists in its deprotonated
form (CIP). It is important to note that a change in CIP ionization state (or a change in pH)
influences both the direct UV photolysis and the SR-AOP/ARP degradation experiments. Some
ionization states of CIP are more prone to direct photolysis, while others are less affected. In a
comparative study by Wammer et al. (2013), it was found that fluoroguinolone compounds
(norfloxacin, ofloxacin and enrofloxacin) showed similar direct photolysis degradation kinetics
at different pH values: the highest observed reaction rate constant was observed for the neutral
form of the target molecules, followed by the deprotonated form and the protonated form
(Wammer et al., 2013). This ranking is in accordance with the authors’ results for direct UV

photolysis of ciprofloxacin as shown in Figs. 6 and 7.

For the ARP experiments, the kops Of the CIP degradation for pH values of 3, 6, 8.5 (nhon-
adjusted pH) and 10 have been determined and results for both direct UV photolysis (Kobs,uv
only) and the UV/sulfite process (Kobs,uvisuifite) are shown in Fig. 6. From this figure, it is obvious
that direct UV photolysis already partially contributes to CIP degradation in the UV/sulfite

process, the results at pH 3 excluded. The obtained kops at pH 3 for both the direct UV
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photolysis and the UV/sulfite process are low (kons=0 for direct photolysis and only 0.0108 min-
! for the UV/sulfite process). Increasing the pH value from 3 to 8.5 results in a proportional
improvement of the removal rates (Kobs uvisulfite increases from 0.0108 to 0.269 mint). However,
when further increasing the pH from 8.5 to 10, the CIP removal decreases, accompanied by a
drop in the rate constants (Kobsuv only decreases from 0.106 to 0.0677 min™ and Kuwvisulfite
decreases from 0.269 to 0.239 min™?). For both the direct photolysis and the UV/sulfite process,
the drop in kops is similar. These results suggest that the observed drop in kops for UV/sulfite at

pH 10 is due to the lower affinity for direct photolysis of the ionized CIP form at pH 10.

The influence of pH on the UV/sulfite process for the degradation of CIP manifests itself in two
ways: (i) the pH-dependent distribution of sulfite, resulting in the generation of different
reducing radicals (e.g., *€aq and *H) (Liu et al., 2013a; Xie et al., 2017) and (ii) the pH-
dependent distribution of CIP: the produced radicals can have different affinities for the

different ionization states of CIP (Ao et al., 2018; Salma et al., 2016).

Few literature sources have investigated the influence of pH for the removal of CIP using ARP
processes. However, it has been reported that the deprotonation of the amine groups at the
piperazine ring of CIP promotes the electron donating character of the CIP molecule and
decreases the steric hindrance of CIP (Wei et al., 2013). Hence, when increasing the pH from 3
to 8, the degree of protonation of CIP diminishes from CIP3* to CIP*, which is beneficial for
the attacks by «eaq”. At pH 10, CIP is mainly present in its deprotonated form (CIP1), and seaq”
is expected to be the dominant radical in the system. As previously explained, the decrease in
Kobs at this pH value can be attributed to a decrease in kobs for direct photolysis of CIP. This was
confirmed by Sarkhosh et al. (2019), who investigated the influence of the pH on the
degradation of CIP using the UV/I" process (in which eesq” are the main reactive species

produced), and found that this process was pH independent (Sarkhosh et al., 2019).
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Fig. 6: Observed reaction rate constants (Kebs) in the UV/sulfite process as a function of initial pH values.
Conditions: [CIP]o = 60.42 M, [SO3*]o = 1 mM, UV power = 18 W.

For the SR-AOP degradation experiments investigating the influence of pH, experiments were
performed at initial pH values of 3, 6 (non-adjusted pH), 8 and 10. The resulting Kobs are shown
in Fig. 7. A clear enhancement of the kons can be observed when PS is added to the reaction
system (Kops Obtained at pH 6 for direct photolysis is 0.0703 min and increases more than 10-
fold when PS is added (kops=0.752 min™). For the UV/PS experiments, Kobs increases with
increasing pH (an increase from 0.637 min- 0.897 mintin the pH range of 3-8, respectively),
and decreases at pH 10 (Kobs decreases to 0.792 min™). This can be attributed to (i) the pH-
dependent generation of *OH in the system and (ii) similar to the UV/sulfite process, the
produced radicals can have different affinities towards reaction with the different ionization
forms of CIP. Following the results shown in Fig. 7, a maximal Kobs of 0.897 min! is obtained
at pH 8. The reactive species thus have a higher affinity for the neutral form of CIP. The
observed trend of kons With changing pH is in contrast with the results of Yang et al. (2019),

who found an increase in Kons in the pH range of 3-7, but a decrease in the pH range of 7-11
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(Yang et al., 2019). Guo et al. (2017) had similar results to ours for the degradation of similar
fluoroquinolones, but found an increase in Kons in the pH range of 3-9, and only observed a drop
in Kobs at a pH of 11 (Guo et al., 2017). In the investigated pH range (3-10) this is more in

agreement with the authors’ results.

To obtain a clearer insight in the reactive species present in both the UV/sulfite and the UV/PS
process, the radical contributions at different pH were investigated in the next section. This

enables a more in-depth elucidation of the pH-dependent degradation efficiency.

o UV/PS

0.9 1 oUuV only °
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Fig. 7: Observed reaction rate constants (kobs) in the UV/PS process as a function of initial pH values.
Conditions: [CIP]o = 60.42 M, [PS]o = 1.1 mM, UV power = 18 W.

3.5 Radical contributions

Radical scavenging experiments were carried out to investigate the contribution of the different
reactive species formed in both the UV/sulfite and the UV/PS process. For the UV/sulfite
process, the main reactive species are *eaq” and *H, whereas in the UV/PS process, the main

reactive species are *SO4 and *OH.
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In the UV/sulfite process, nitrate (NOz") and t-butanol (TBA) were used as radical scavengers.
It has been reported that nitrate is a good scavenger for both eaq” and *H (Eq. (7) and (8)) (Xiao

et al., 2017a), while t-butanol only quenches *H (Eq. (9)) (Hardison et al., 2002).

NO3 + e ez; = (¢ NO3)?~ (k=9.7 x10°M1s?) (7)
NO; +eH - (NO3H )~ (k=1.4 x10°M1s? (8)
(CH3)3COH + e« H — ¢ CH,(CH3),COH + H, (k=17 x10°M1s?) 9)

Under weakly alkaline and acidic conditions, the introduction of NO3resulted in a significant
inhibition in CIP removal. Upon addition of NOs’, the observed reaction rate constants were
similar to those obtained under direct UV photolysis (Kobs,uv onty = 0.104 min * compared to
Kobsnitrate=0.118 min). This reveals the essential role of the reducing radicals in the

improvement of CIP degradation relative to the direct UV photolytic process.

Li et al. (2012) have reported that sulfite exists in a monoanionic form (HSO3) at pH < 6 and
in a dianionic form (SOs%) at pH > 8 (Li et al., 2012). Both forms co-exist in the pH range 6-8.

As previously mentioned (Egs. (3) and (4)), the presence of SO3s? contributes to the formation

of *eaq’, Whereas HSOg" is the precursor of «H formation.

To further distinguish between the contribution of «esq” and <H at different initial pH conditions,
the relative contribution of both reactive species and their contribution to the Keps in the

UV/sulfite process was calculated using following equations:

kops sulfite—Kobs
e H(%) = Dl i PoTBA kobs,-H = (kobs - kobs,UV) X o H(%) (10)

kobs,uv/suifite=KobsNo3
®* €qq (%) = 100% — » H(%) kobs,-egq = (kobs - kobs,UV) Xe €qq (%) (11)

Considering these equations, 19% of the radical-dependent CIP degradation can be attributed

to «H at pH 8.5, while 81% can be attributed to degradation by eesq”. Decreasing the pH to a

19



403

404

405

406

407

408

409

410

411

412

413

414

415

416
417

418
419

value of 6.0 leads to an increase in *H contribution to 58% and, correspondingly, a decrease in
contribution of *eaq” to 42%. Fig. 8 shows the contributions of direct UV photolysis, *eaq” and
*H to the kobs in the UV/sulfite process at different pH values. This figure shows the increase in
*eaq” contribution with increasing pH, confirming the promoted production of *eaq” when the
sulfite ion is present in its dianionic form (SO3s?). Next to this, according to Eq. (12), *H can be
converted into *eaq in alkaline solutions. As a result, *eaq” was proven to be the responsible
radical for CIP degradation (not taking into account direct UV photolysis) at strong alkaline
conditions. Under acidic conditions (pH 3.0), no contribution of eaq” was found and *H is the
predominant radical. However, although <H is formed, the degradation of CIP is not to a similar
extent as when «e,q” is predominant. This could be explained by the low reaction rate of *H with
CIP in its triplet state (CIP**). Therefore, the degradation of CIP in the UV/sulfite process is

most favorable in neutral and alkaline conditions.

« H+0H > eeg, + Hy0 (k = 2.2x10" M5 (12)
0.3 -
mUV only

025 4 BH
‘:'|\ -.eaq_
[
£ 02
2!
& 0.15 -
(2]
[
(@]
© 0.1 |
(O]
©

0.05 1

0
3 6 8.5 10

initial pH
Fig. 8: Relative contributions of ®eaq., *H, and UV only in the UV/sulfite process

Conditions: [CIP]o = 60.42 pM, [SO3s*]o = 1.0 mM, UV power = 18 W.
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For the UV/PS system, radical scavenging experiments were conducted as follows: to scavenge
both «OH and «SO4’, ethanol (EtOH) was added to the reaction mixture due to its high reaction
rate constants with both «OH and +SO4. To be able to distinguish between *OH and SOy, t-
butanol (TBA) was added to the reaction mixture, due to its high reaction rate constant with
*OH and relatively low reaction rate constant with «SO4". The contributions of *OH and «SO4
can then, in a similar way to the UV/sulfite process, be expressed as shown in Egs. (13) and

(14), respectively.

o OH (%) = —obsre/~XobsTBA Kops o = (Kobs — kops,ov) X » OH(%)  (13)

kobs,ref_kobs,EtOH

* 50, (%) = 100% — « OH (%) kobs,-SO; = (kobs - kobs,UV) X S50, (%) (14)

The contribution of both «OH and +SO4 was calculated for different initial pH values to confirm
the presence of *OH. The results are shown in Fig. 9 (due to the limited difference between
Kobs,ref, Kobs,TBA @nd Kobs tor at pH 10, no distinction in «<OH/SO4 contribution was made for pH
10). Despite the hypothesis of Eg. (1), which states that two «SO4™ are produced for every PS
molecule, about 33% of the radical species at an initial pH of 3 are distinguished to be +OH.
The *OH percentage increases with increasing pH with an abundance of 65% at pH 8. This is
in contradiction with previous findings, where the heat activated PS process was investigated
and it was found that no (or very little) «OH was present in this reaction system (in thermal

activation, radicals are produced in a similar way as in UV activation) (Milh et al., 2020).
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Fig. 9: Relative contributions of *OH, *SO4  and UV only in the UV/PS process
Conditions: [CIP]o = 60.42 M, [PS]o = 1.1 mM, UV power = 18 W.

Possible explanations for the presence of «OH can be found in Egs. (15) and (16) (Ji et al.,

2015).
©SO; + OH™ - S02™ + « OH (k=6.5 x10"M1s?) (15)
¢SO; + H,0 > SO2~ +eOH +H* (k<3 x10°M1s? (16)

Eq. (15) shows that a conversion of «SO4 to *OH is possible in alkaline conditions (due to the
availability to react with hydroxide ions). However, the formation of «OH as stated in this
equation, is said to be predominant at pH>9 (Oh et al., 2016). At a pH of 10, the contribution
of «OH is thus expected to increase even more relatively to pH 8. However, this does not explain

the contribution of «OH at neutral and acidic pH.

An explanation for the occurrence of *OH in neutral and acidic conditions can be found in Eq.
(16). This equation shows the production of «OH through hydrolysis of «SO4 and has a
relatively low reaction rate constant. The heat-activated PS process is characterized by a

relatively slow PS consumption, whereas the PS consumption in the UV/PS is much faster. This
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results in a (relatively) high «SO4 concentration in the UV/PS system, increasing the possibility
of Eq. (16) to take place. In the heat-activated PS process, the «SO4™ concentration is relatively
low, so any «SO4 produced in the system will immediately react with the target molecule,
because of its higher reaction rate constant with the molecule compared to the reaction rate of
Eqg. (16). In the UV/PS process, the high «SO4 concentration results in an “excess” of «SO4
relative to the target molecule, so the «SO4™ present undergoes a hydrolysis reaction and *OH is
produced. To confirm this hypothesis, thermal degradation experiments were conducted with
CIP at similar conditions as the experiments performed in the UV/PS process. It was confirmed
that at a temperature of 70 <C, and with an [PS]o of 1.1 mM, only 6% of the initial PS
concentration was consumed in a reaction time of 30 min. This is in contrast with the results
obtained for the UV/PS process, where 53% of PS was consumed at an [PS]o of 1 mM and in a
reaction time 40 min. By conducting radical scavenging experiments for both processes, it was
shown that at non-adjusted pH, only 8% of the produced radicals were «OH for the heat-
activated PS process, in contrast to 58% for the UV/PS process. This could explain the

formation of «OH in the UV/PS process.

Thus, both «SO4 and «OH play a role in CIP degradation in the UV/PS process. The affinity of
both radicals for the different ionization states of CIP (depending on the pH) is a crucial
parameter to obtain an optimal CIP degradation. In the literature, «SO4 was found to be
vulnerable for reaction with the protonated piperazine group of CIP, which can contribute to
the high Kkobs at neutral pH (Guo et al., 2017). Also at neutral pH, it was found that the CIP
degradation efficiency using the UV/H.O; process (where only «OH is produced) is lower
compared to the UV/PS process (Yang et al., 2019). This highlights the importance of «SO4™ in
this process. Following this hypothesis, as a decrease in Kkops at lower pH (higher +SO4
production) is observed, it can be assumed that the affinity of «SO4 is smaller for the ionization

states of CIP with a higher protonation degree. Sun et al. (2019) have reported that for ofloxacin
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(a structurally related fluoroquinolone compound), the increase in protonation can cause a
higher resistance towards reactions with electrophilic compounds (such as *SO4), which could

confirm this (Sun et al., 2019).

At pH 10, no increase in degradation efficiency is observed. This can be explained by a change
in CIP distribution (from the zwitterionic to the anionic form) and therefore, a change in affinity
of the radicals for this form (as the piperazine group is deprotonated in this ionization form,
reaction with «SO4 is less likely). In general, the reaction of «OH (which is the predominant
radical at this pH) with organic molecules is less selective, which can explain why a significant
degradation is still observed (Khan et al., 2017). Additionally, Yang et al. (2019) have reported
a decrease in the oxidation potential of *OH at higher pH, which can also be the cause of this
decrease (Yang et al., 2019). It can be concluded that, although «SO4 is not the predominant
radical at the conditions where maximal CIP degradation efficiency is observed, it plays a major

role in the CIP degradation.

3.6 Defluorination efficiency

As previously mentioned, one of the most essential differences between AOPs and ARPs is the
dehalogenation efficiency of the respective processes. This dehalogenation efficiency is of
specific interest, considering that dehalogenation often leads to the formation of less toxic and
biodegradable degradation products (Gaurav and Bharagava, 2020). Furthermore, the
dehalogenation efficiency profiles of the respective processes (and most importantly the
dissimilarities between the two profiles) can provide insight in the difference in reaction
mechanisms of reducing and oxidizing radicals. Hence, the release of fluorine atoms from the
CIP molecule as fluoride ions (F) in both the UV/PS and the UV/sulfite process was
investigated. Fig. 10 shows the obtained defluorination efficiency for the UV/PS and the

UV/sulfite process. The defluorination efficiency is defined as the fluoride concentration
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Fig. 10: Defluorination efficiency of the UV/PS and UV/sulfite process
Conditions: [CIP]o = 60.42 VI, pHuvisuliite= 8.5 and pHuvirs= 8, [PS]o =[Sulfite]o = 1.0 mM, UV power = 18 W.

For the UV/PS process, a defluorination efficiency of 86% is obtained within 40 min, which
reveals its ability to attack the C-F bond of the CIP molecule. However, no full defluorination
is observed and residual fluorinated compounds are still present in the system. For the
UV/sulfite process, a defluorination efficiency of 99% is obtained in the same reaction time and
reaction conditions, indicating an almost complete cleavage of C-F bonds during the process.
Although the UV/PS process can degrade CIP much faster than the UV/sulfite process (96%
degradation for the UV/PS process and 89% degradation for the UV/sulfite process in 7 min
reaction time), the defluorination efficiency does not follow this trend (43% for the UV/PS
process and 89% for the UV/sulfite process), revealing their different mechanisms of action.
During the UV/sulfite process, the primary degradation path of CIP degradation is through the
breakage of the C-F bonds, caused by the strong dehalogenation properties of the produced
reducing radicals. The dehalogenation capability of the UV/sulfite process was confirmed by

Lietal. (2012), who reported an efficient dechlorination of monochloroacetic acid (MCAA) by
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the UV/sulfite process, mainly induced by <esq” (Li et al., 2012). For the UV/PS process,
however, dehalogenation is proposed not to be the major pathway in the degradation of
halogenated compounds: Hou et al. (2017) confirmed this for the degradation of
haloacetonitriles (Hou et al., 2017). For the degradation of CIP, Mahdi-Ahmed et al. (2014)
and Guo et al. (2016), who investigated the UV/PMS and the heat/PS process (in which similar
radicals are produced), respectively, found similar results (Guo et al., 2016; Mahdi-Ahmed and

Chiron, 2014).

To further prove this conclusion, the total fluoride (TF) concentration ([TF]:) was calculated as
the sum of the free fluoride ions ([F]t) and the available fluorine atoms in the residual CIP
molecules ([CIP]:) at defined time intervals. A relative TF value for each time point is then
obtained by dividing the obtained TF value ([TF]:) by the initial TF value ([TF]o) as shown in

Eq. (17).

[TF]e _ [F”]et [CIP]:
[TF]lo  [F7]o+ [CIP]o

relative TF value (%) = (17)

The calculation of the relative TF value enables to elucidate the formation of fluorinated
degradation products: when the relative TF value is close to 100%, the F atom is directly
removed from the CIP molecule, and a decrease of [CIP]; leads to a direct increase of [F:.
When fluorinated degradation products are formed, [CIP]: decreases, but an increase in [F] is
not detected. The results of the relative TF value calculation for both processes are shown in
Fig. 11. For the UV/sulfite process, the relative TF value is close to 100% during the entire
reaction process. This shows that the fluorine atom is almost immediately released from the
CIP molecule and transformed into free fluoride ions. For the UV/PS process, the relative TF
value is much lower in the first stage of the process and then gradually increases, revealing the

formation of F-containing intermediates during the degradation process.
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Fig. 11: Relative TF value for the UV/PS and UV/sulfite process
Conditions: [CIP]o = 60.42 M, non-adjusted pH, [PS]o = [Sulfite]o = 1.0 mM, UV power = 18 W.

4. Conclusion

The aim of this study was to compare UV-based SR-AOP and ARP processes for the removal
of the antibiotic compound ciprofloxacin (CIP) from (waste)water. Firstly, the UV/PS process
was found to be the most efficient among the UV-based SR-AOPs (complete removal after a
reaction time of 10 mins), while the UV/sulfite process was the most efficient for the ARPs
(complete removal after a reaction time of 20 mins) under the same reaction conditions.
Thereafter, the process parameters were optimized for both processes. It was found that for both
processes, the removal efficiency increased with increasing initial oxidant/reductant
concentration, however, this increase stagnated at higher concentrations. Increasing the UV
intensity also led to higher removal efficiencies for both processes. A slightly alkaline pH was
found to result in the highest degradation efficiency for both the UV/PS (kops=0.897 min™) and
the UV/sulfite process (Kobs=0.269 min™). For the UV/PS process, it was found that the
produced reactive species at pH 8 (which were found to be both «OH and *SO4’) were more
prone to react with the ionization state of CIP at that pH (neutral form). For the UV/sulfite

process, *eaq” was found to be most reactive towards CIP. At non-adjusted pH (pH 8.5), the
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production of *eaq” was found to be the highest, resulting in a maximal degradation efficiency

of CIP.

In general, the UV/PS process was found to be much more efficient in removing CIP than the
UV/sulfite process (at optimized conditions, the Kobs for the UV/PS process was found to be
approximately three times higher than the kons for the UV/sulfite process). However, even
though higher CIP degradation rates were obtained using the UV/PS process, it was found that

the UV/sulfite process was much more efficient in the defluorination of CIP.
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