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Abstract 

The fate of iron (Fe) may affect that of phosphorus (P) and arsenic (As) in natural waters. 

This study addresses the removal of Fe, P, and As from streams in lowland catchments fed by 

reduced, Fe-rich groundwater (average: 20 mg Fe L
-1

). The concentrations of dissolved Fe 

(<0.45 µm) in streams gradually decrease with increasing hydraulic residence time (travel 

time) of the water in the catchment. The removal of Fe from stream water is governed by 

chemical reactions and hydrological processes: the oxidation of ferrous iron (Fe(II)) and the 

subsequent formation of particulate Fe oxyhydroxides proceeds as the water flows through the 

catchment into increasingly larger streams. The Fe removal exhibits first-order kinetics with a 

mean half-life of 12 hours, a value in line with predictions by a kinetic model for Fe(II) 

oxidation. The Fe concentrations in streams vary seasonally: they are higher in winter than in 

summer, due to shorter hydraulic residence time and lower temperature in winter. The 

removal of P and As is much faster than that of Fe. The average concentrations of P and As in 

streams (42 µg P L
-1

 and 1.4 µg As L
-1

) are one order of magnitude below those in 

groundwater (393 µg P L
-1

 and 17 µg As L
-1

). This removal is attributed to fast sequestration 

by oxidizing Fe when the water enters oxic environments, possibly by adsorption on Fe 

oxyhydroxides or by formation of ferric phosphates. The average P and As concentrations in 

groundwater largely exceed local environmental limits for freshwater (140 µg P L
-1

 and 

3 µg As L
-1

), but in streams, they are below these limits. Naturally occurring Fe in 

groundwater may alleviate the environmental risk associated with P and As in the receiving 

streams. 
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Introduction 

Eutrophication adversely affects water quality in many countries worldwide. In most cases, 

eutrophication of freshwater is related to increased concentrations of phosphorus (P)
1
. The 

major sources of P to freshwaters include point sources, such as sewage discharge, and diffuse 

inputs caused by excessive application of fertilizer or animal manure to agricultural land. The 

transfer of P from agricultural land to streams often occurs in the form of overland particulate 

P transport during rainstorm events
2
. However, in lowland areas with acid sandy soils and 

shallow groundwater tables, leaching of P to the groundwater is the principal pathway for P 

transfer from agricultural land to streams. Arsenic (As) is a major source of impaired water 

quality at various locations worldwide
3,4

. In lowland streams fed by shallow, reduced 

groundwater, the transfer of P and As from groundwater to streams is not necessarily 

conservative. Upon exfiltration (seepage) of groundwater, P and As may interact with redox-

active elements, most notably iron (Fe)
5–7

. 

The fate of Fe may profoundly impact the speciation and mobility of nutrients and trace 

elements. The reduced ferrous iron (Fe(II)) is mobile in submerged environments
8
. Reductive 

dissolution of iron oxyhydroxides may release associated elements to the sediment pore 

water
9
. As reduced Fe(II) is transported from sediments to oxic environments, it is oxidized 

either abiotically or biotically, and subsequent precipitation yields particulate (>0.45 µm) 

authigenic (or diagenetic) Fe oxyhydroxides which have been characterized as ferrihydrite 

and lepidocrocite
10

. Such precipitates may bind other elements by adsorption or 

coprecipitation, including As, Cu, Ni, P, Pb, and Zn
11–14

. The coupling of reductive 

dissolution and oxidative precipitation may lead to Fe cycling, which has been observed in a 

variety of environments including sediments, groundwater seeps, and lakes
15–17

. Streams 

generally contain low dissolved (<0.45 µm) concentrations of Fe, i.e. in the order of 0.01—

1 mg Fe L
-1

 
18

. The Fe speciation in streams is usually dominated by Fe(III), which may be 
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present as organic complexes or as Fe oxyhydroxides of particular or colloidal dimensions
19–

21
. The Fe(III) may affect the fate of trace elements in streams through competition with 

cationic trace metals for binding on organic matter
22

, or through binding of trace elements on 

colloidal
23

 or particulate
24

 Fe-rich phases. 

The kinetics of Fe(II) oxidation can in a first approach be approximated by a simple first order 

kinetic model
25

. Ligands such as chloride, bicarbonate, and natural organic matter may affect 

the oxidation rate, mostly at concentrations below 1 mg Fe L
-1

 
26,27

. The biological Fe(II) 

oxidation may outpace the chemical oxidation under acidic
28

 or micro-oxic conditions
29,30

. 

The oxidation of Fe(II) and the production of Fe oxyhydroxides at circumneutral groundwater 

seeps has been studied extensively, both from a microbiological 
31,32,16

 as well as from a 

chemical perspective 
27,33,34

, and a large number of elaborate models for the chemical 

oxidation of Fe(II) have been developed. The fate of Fe(II) derived from acid mine drainage 

has also been widely investigated
35,36

. Burns et al.
37

 have developed predictive models for the 

Fe oxidation rate and applied these models to stream water sampled at various locations of a 

catchment. Van der Grift et al.
5
 have recently studied oxidation rates of naturally occurring Fe 

and removal of P from drainage water in reservoirs. They found that Fe oxidation is much 

slower in winter than in summer, but that removal of P by oxidizing Fe(II) was at all times 

highly efficient. However, the combined effect of Fe(II) oxidation and hydrological processes 

has rarely been addressed. After exfiltration of groundwater, Fe(II) may persist temporarily if 

oxidation kinetics are slow, and the oxidation reaction proceeds as the Fe(II) is transported by 

the stream water. The oxidation half-life of Fe(II) is predicted to range between a few hours 

and a few days under conditions typical for streams fed by circumneutral Fe-rich 

groundwater
25

. This range is comparable to the hydraulic residence time of water in the 

headwater streams of lowland river catchments. The above suggests that spatial and seasonal 

trends in hydrological properties and chemical characteristics might explain the fate of Fe in 
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catchments and, hence, govern the dynamics of other elements such as P and As in these 

systems.  

The goal of this study was to determine the fate of high Fe(II) inputs in catchments, and to 

address how this affects the fate of P and As. We selected the four Belgian catchments, the 

Kleine Nete catchment and three northern tributaries to the Demer river, as study sites. These 

lowland catchments are well suited to study such processes due to their hydrogeological 

setting. They are mainly fed by Fe-rich groundwater from the shallow, permeable, glauconite-

containing aquifers of the Central Campine groundwater system
38,39

. Their flat topography 

limits erosion processes and the contribution of overland runoff to streamflow. Previous work 

showed that oxidation of Fe(II) in these streams yields authigenic ferrihydrite particles
19,39

. A 

key objective of this follow-up study was to relate spatial and temporal trends in Fe 

concentrations in the streams of these catchments to chemical (Fe(II) oxidation) and 

hydrological processes (the travel time or hydraulic residence time of water in the streams). In 

addition, we determined whether and how fast P and As are removed from the dissolved 

fraction of stream water through sequestration by the authigenic ferrihydrite particles. 
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Materials and methods 

Study sites 

Two study sites in northeastern Belgium with a similar setting were selected: the Kleine Nete 

catchment upstream of the town of Grobbendonk, and three major tributaries to the Demer 

river. The geography, hydrogeology, hydrology, and the water balances of the area are 

extensively discussed in other work 
38,40–44

; the essentials are summarized here with additional 

figures are shown in the SI (section 1). The Kleine Nete catchment is located in the Belgian 

Campine region and drains a mostly agricultural lowland area of approximately 800 km
2
, of 

which 590 km
2
 are upstream of Grobbendonk. The studied part of the Demer catchment is 

mostly located in the Belgian sandy loam belt and includes its three main northern tributaries 

Mangelbeek, Zwartebeek, and Winterbeek, each of which drain an area of approximately 

100 km
2
. The topography of both study areas is flat, with the exception of a few limonite 

ridges which separate the three tributaries to the Demer. Common soil types in both study 

areas include podzols, plaggic anthrosols (organic matter accumulation in the topsoil), and 

soils with fluvic or gleyic properties in the valleys
45

.  

The lithology of both study areas is similar and consists of Miocene and Pliocene sands (up to 

150 m thick), deposited on top of an impermeable Oligocene clay (Boom clay), and overlain 

by a thin layer of Pleistocene deposits. Hydrogeologically, two groundwater systems are 

present in the study area: the upper Central Campine system is separated from the underlying 

Brulandkrijt system by the Boom clay aquitard
41,42

 (SI, section 1). Therefore, the Central 

Campine system is the only unconfined (phreatic) groundwater system which discharges into 

the streams of the study area
38

. The groundwater flow direction in this system is varied, and 

its recharge is mostly by percolation of rainwater (240—360 mm yr
-1

)
42

. Within the Central 

Campine system, the Diestiaan aquifer likely contributes most to stream flow, due to its 
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thickness and high permeability
40

. The Diestiaan consists of glauconitic sands which supply 

large amounts of Fe(II) to the groundwater
39

. The streams in the study area are predominantly 

fed by groundwater: the year-averaged groundwater contribution to the total discharge has 

been estimated by various studies; estimates range between 62 and 87% (see also SI, section 

1) 
40,43,46

. Groundwater transfer to the streams occurs directly by exfiltration through the 

hyporheic zone of streams, or indirectly by seepage of excess groundwater in drains and 

ditches. 

Field campaign and data acquisition 

In a field campaign, 56 sampling locations were selected near the streams of both study areas. 

The locations were chosen in order to reflect the trajectory of the water in the streams from 

the headwaters to the major rivers, i.e. to reflect the gradual increase in contact time with 

atmospheric oxygen as the water moves downstream. At each location, fully screened 

groundwater monitoring wells were installed at 3—4 m depth and at close distance (< 5 m) to 

streams. The monitoring wells and the nearby streams were sampled on four occasions 

throughout the year (April – June – September – November 2013), hereinafter referred to as 

“sampling moments”. The water temperature, O2 concentration, electrical conductivity (EC), 

and pH were measured in the field. Groundwater and surface water samples were membrane 

filtered in the field (0.45 µm Chromafil Xtra PET 45/25 filters), and the dissolved 

concentrations of major elements (ICP-MS), anions (ion chromatography), dissolved organic 

carbon (DOC), dissolved inorganic carbon (DIC), and Fe(II) and Fe(III) (colorimetric reaction 

with ferrozine reagent
47

) were determined (SI, section 2). All reported concentrations refer to 

the dissolved (<0.45 µm) fraction, ‘Fe(II)’ refers to concentrations measured with ferrozine, 

whereas ‘Fe’ refers to ICP-MS measurements, which includes both Fe(II) and Fe(III). At 

selected locations, suspended sediment was sampled and the Fe, P, and As concentrations 

were determined (SI, section 2). 
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Additional data were obtained from permanent monitoring programs. The water flow velocity 

was recorded by flow velocity loggers at selected locations throughout the study area. The O2 

concentration, stream water temperature, and pH in the Kleine Nete were measured at 5-min 

intervals by a multiparameter probe (YSI 6600) installed near the outlet of the catchment. The 

discharge was monitored at the same location based on permanent water level measurements, 

which were converted to discharge in accordance with the ISO748 and ISO/TS24154 

protocols 
48

. All data are publicly available (http://www.waterinfo.be) and were downloaded 

for a 3-year period (2011—2014).   

Calculations 

The hydraulic residence time or travel time of the stream water in the catchment was 

calculated for each stream water sample that was collected, i.e. for each of the 56 sampling 

locations and for each of the four sampling moments. The residence time estimates the 

average travel time of the water from the moment of its exfiltration to the moment it was 

sampled. Calculations were based on the hydrographic atlas of the Flanders region, which 

includes GIS information on the location and length of each stream stretch
49

. For each stream 

stretch, the water flow velocity at each sampling moment was estimated based on data from 

eight permanent flow velocity loggers installed at selected locations throughout the studied 

catchments (details: SI, section 2). At each stream node, the relative contribution of each of 

both tributaries to the total discharge was estimated using the groundwater recharge in the 

area drained by each tributary. The groundwater recharge was retrieved from the WetSpass 

model for the Kleine Nete catchment
44,50

, and from the regional MODFLOW model of the 

central Campine groundwater system for the northern tributaries to the Demer river
41

. Finally, 

the average hydraulic residence time of each water sample was calculated by integration of all 

stream stretches upstream of the sampling location. This method for residence time 

calculation has limitations: it relies on water flow velocity data at selected locations only, and 
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the method is less reliable during dynamic peak flow events. The method was sufficiently 

detailed for the purpose of this study. More detailed residence time calculations would require 

a catchment model which includes the smallest headwater streams, and flow velocity 

measurements at more locations, but such was beyond the scope of this study.  

The Fe(II) oxidation rate constants in streams were derived by fitting a simple first order 

kinetic model to plots of Fe concentrations in streams versus hydraulic residence time, which 

is a proxy for the reaction time. When water containing an initial Fe concentration, defined as 

Fe(II)0, reaches oxic environments, the Fe(II) concentration decreases with time (t) due to 

chemical oxidation, according to
25

 

  (  )    (  )      (     ).   (Equation 1) 

The rate constant of the pseudo first order chemical oxidation (k1), which may also be 

expressed as a half-life (t1/2), is given by 

         (  
 ) ,    (Equation 2) 

where k is a ‘universal’ rate constant of approximately 2·10
13

 M
-2

 atm
-1

 min
-1

 (uncertainty 

range 1.5—3·10
13

 M
-2

 atm
-1

 min
-1

), pO2 is the O2 concentration in the water expressed as a 

partial pressure, and (OH
-
) is the activity of the hydroxyl ion

25
. The (OH

-
) is calculated from 

pH and from the temperature-dependent dissociation constant of water
51

, and therefore k1 

depends on pH, temperature and the O2 concentration. 

All reported means and standard deviations are based on untransformed data. Regression 

analyses were performed using untransformed data and a least-squares algorithm. For 

correlation analyses, variable clustering, comparison of means (Student’s t-test), and ANOVA 

tests, all variables except pH, hydraulic residence time, and temperature were log-

transformed. Based on a visual inspection of QQ-plots, the distribution of all variables 
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appeared to be well approximated by a lognormal distribution, and Shapiro-Wilk tests 

confirmed that lognormal distributions were preferable to normal ones in nearly all cases. 

Correlation analyses, ANOVA tests, and nonlinear least-squares fitting were carried out in 

JMP Pro 11 (SAS Institute, Cary, United States). Variable clustering analyses were carried 

out by the VARCLUS procedure in SAS 9.3 (details in the SI, section 4). 
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Results and discussion 

Groundwater: the source of dissolved Fe(II) 

The characteristics and composition of filtered groundwater samples are shown in the SI, 

section 3. The groundwater is generally reduced, as evidenced by low O2 and NO3 

concentrations and by the pale grey color of the material which was recovered upon 

installation of the monitoring wells. This may be due to large inputs of DOC, originating from 

animal manure or from peat accumulated in plaggic soil horizons which are common in the 

area. The groundwater is strongly enriched in Fe, which is entirely present as reduced Fe(II). 

The Fe concentrations average 20 mg L
-1

 and range over two orders of magnitude (Figure 1). 

The P concentrations (average 393 µg L
-1

) and As concentrations (average 17 µg L
-1

) range 

over three orders of magnitude.  

The variable clustering analysis and the correlation analysis (SI, section 4) indicate that the 

concentrations of Fe in groundwater are positively correlated with those of As (r = 0.48), P 

(r = 0.42), and Mn (r = 0.31). This hints at a reductive dissolution mechanism which supplies 

these elements to the groundwater
3,4,39

, even though no clear correlation with DOC (a 

plausible reductant) is observed. The P in groundwater mainly originates from fertilizer 

leaching from the excessively fertilized acid sandy soils of the region
52,53

, whereas the As 

likely originates from weathering of As containing glauconite
6
. The large variability in 

groundwater Fe concentrations is neither explained by pH, EC, water temperature, nor by the 

concentration of any other measured element. Seasonality does not affect the groundwater Fe 

concentrations much: at four moments throughout the year, the average Fe concentrations 

range only between 16 and 24 mg L
-1

. Analysis of variance confirms that the groundwater Fe 

concentrations vary spatially, whereas temporal effects are comparably small (SI, section 5). 

The relationship between the local lithology and groundwater Fe concentrations is further 
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examined (SI, section 5). The groundwater Fe concentrations likely vary due to the 

heterogeneity of the greensand parent material
38

. This may be due to local differences in 

glauconite content of the parent material, in hydraulic conductivity, in glauconite weathering 

rate, or in the presence of electron donors which reductively dissolve Fe oxyhydroxides. 

Chemical processes occurring after exfiltration of groundwater 

The characteristics and composition of filtered (0.45 µm) stream water samples are presented 

in the SI, section 3. The meteorological and flow conditions at the moment of sampling are 

discussed in the SI, section 8. Some samplings occurred during dry spells, whereas others 

coincided with rainfall events of low or moderate intensity. This may to some extent affect 

stream water composition and chemistry due to dilution of baseflow by faster, more dilute 

components of stream flow. Separation of the baseflow from the total hydrograph using the 

WETSPRO numerical filtering procedure
54

 shows that, during sampling, baseflow contributed 

between 65 and 91% to the total stream flow of the Kleine Nete. No discharge data are 

available for the Demer tributaries, but given its nearby location, similar daily rainfall, and 

similar geographic hydrogeological setting, baseflow contributions to stream flow during the 

sampling moments are likely similar. In addition, the mean and median Ca concentrations and 

EC in stream water do not differ much between different sampling moments (SI, section 8). 

This shows that dilution of baseflow by faster, more dilute components of stream flow was 

likely limited in most samples.  

Given the large baseflow contribution, a comparison of the composition of groundwater and 

streams may yield information about chemical processes occurring at the groundwater-surface 

water interface (Figure 1 and SI, section 6). Contrary to the Ca concentration and the EC, the 

concentrations of dissolved O2, Fe, As, and P differ considerably between groundwater and 

streams. The O2 concentration increases strongly from groundwater to streams due to contact 
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with the atmosphere. The dissolved concentrations of Fe concomitantly decrease: upon 

exfiltration of Fe(II)-rich groundwater, the Fe(II) is oxidized and precipitated as insoluble Fe 

oxyhydroxides. The concentrations of many cationic trace metals, including Ni, Cu, Cd, Zn, 

and Co, increase from the groundwater to the streams. We speculate that this may reflect 

anthropogenic inputs through wastewater discharge, or it may be the result of oxidation and 

mobilization of metals sulphides from streambed sediments which contain known legacy 

contaminations of trace metals (e.g. Zn and Cd
55

). The concentrations of P and As in streams 

are almost one order of magnitude lower than those in groundwater. These elements 

commonly occur as oxyanions and are known for their high affinity for fresh Fe 

oxyhydroxides
56

. The concentrations of Fe, P, and As in suspended matter are far above the 

typical concentration range of these elements in soils in the region (SI, section 10). These data 

therefore strongly suggest that the P and As are sequestered throughout the studied 

catchments by freshly formed hydrous ferric oxide precipitates. 

Oxidation of Fe(II) and removal of Fe from the dissolved phase 

The dissolved Fe concentrations in streams range between 0.1 and 70 mg L
-1

. In streams 

containing Fe concentrations more than 3 mg Fe L
-1

, the Fe redox speciation is dominated by 

Fe(II). Conversely, in streams with lower Fe concentrations, the Fe consists of a mixture of 

Fe(II) and Fe(III) in varying proportions. The median hydraulic residence time of the water in 

the streams is 27 hours (10
th

—90
th

 percentile: 7—105 hours). A plot of the Fe concentrations 

versus Strahler stream order (Figure 2A) shows that the small headwater streams (order 1 and 

2) may contain up to 70 mg Fe L
-1

, but this drops to below 3 mg Fe L
-1

 in the streams of order 

4 and 5. If plotted against the hydraulic residence time of the water in the streams, a similar 

trend is observed (r = -0.54): the Fe concentrations decrease with increasing residence time, 

which reflects the exposure time of water to oxic environments (Figure 2B). Similar trends 

emerge if Fe(II) instead of Fe concentrations are plotted (SI, section 7). The Fe(II) supplied by 
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the groundwater is increasingly oxidized and removed from the dissolved fraction as water 

flows through the catchment into increasingly larger streams. This process results in the 

observed Fe concentration gradient which decreases from the smallest headwaters to the 

receiving streams.  

A catchment-scale Fe(II) oxidation rate is derived based on measured Fe concentrations in 

streams and on the first order kinetic model (Equation 1). Previous laboratory studies have 

shown that this model is appropriate for oxidation of Fe(II) in the study area
19

. The first order 

rate constant for oxidation of Fe(II) at the catchment scale is estimated at 

k1 = 0.056 ± 0.015 h
-1

, corresponding to a half-life of 12 hours, and the initial Fe 

concentration is 13.7 ± 2.5 mg Fe L
-1

 (error estimates are standard errors). The fitted 

catchment-scale oxidation rate agrees with theoretical predictions (Equation 2): it corresponds 

to the 42
nd

 and 82
nd

 percentile of the predicted oxidation rates in the samples from the Kleine 

Nete catchment and Demer tributaries, respectively (Table 1). The fitted initial Fe 

concentration is significantly (P<0.05) below the average groundwater Fe concentration 

(20 mg L
-1

). This suggests that only part of the Fe(II) supplied by the groundwater is oxidized 

in the streams, whereas the remainder is oxidized and precipitated before it enters the streams, 

e.g. in open drainage ditches, drainage tubes, or in the hyporheic zone. The fitted kinetic 

model is visualized in Figure 2B. The groundwater-derived Fe is largely removed from the 

dissolved fraction of streams within approximately 50 hours. After that, the dissolved Fe 

concentrations in streams no longer decrease. The remaining Fe in samples with long 

residence times is a mixture of Fe(II) and Fe(III). In these samples, the Fe(III) likely occurs as 

complexes with organic matter or as colloidal Fe oxyhydroxides; the residual Fe(II) (around 

0.3 mg L
-1

) may be protected against oxidation through complexation with organic matter
57

. 

The concentrations of Fe and Fe(II) in streams exhibit pronounced seasonal variability (Figure 

3A). During the sampling in late summer (September), the median Fe and Fe(II) 
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concentrations were 5-fold and 7-fold lower than those measured in early spring (April) and 

late autumn (November). Due to the meteorological and flow conditions, this variability was 

even more pronounced in the Kleine Nete catchment than in the Demer tributaries (SI, section 

9), and therefore the discussion below is focused on the Kleine Nete catchment. We set out to 

determine whether the rate of Fe(II) oxidation or the reaction time (hydraulic residence time) 

can explain this seasonal variability.  

Based on permanent monitoring data recorded near the outlet of the Kleine Nete, the predicted 

rate of Fe oxidation varies widely throughout the year (predictions based on Equation 2; SI, 

section 9). The oxidation rate in summer is up to 50-fold faster than in winter, mainly caused 

by higher summer pH and temperature. Stream pH strongly and significantly decreases with 

increasing discharge (r = 0.75; Figure 3B). Stream pH is governed by degassing of CO2 which 

is kinetically limited: lower discharge in summer than in winter causes increased hydraulic 

residence times, CO2 degassing, and pH. The oxidation rates in the streams of the Kleine Nete 

catchment, predicted with Equation 2 using locally measured pH, O2 concentrations and 

temperature, exhibit seasonal trends similar to those near the outlet of the catchment (Table 1; 

SI, section 9). In order to quantitatively relate the predicted seasonal variability to actual 

measurements of Fe concentrations, oxidation rates in the Kleine Nete catchment were 

derived for each sampling moment (SI, section 9). For the June and September samplings, the 

oxidation rate cannot be estimated: all Fe was already oxidized before it reached the 

headwaters. For the April and November sampling, the first-order rate constants are estimated 

at 0.06 ± 0.02 h
-1

, and 0.06 ± 0.01 h
-1

, respectively (error estimates are standard errors). Given 

the uncertainty generally associated with determining the oxidation rate of Fe(II)
25

, these 

fitted rate constants agree relatively well with the median predicted oxidation rate constant 

(respectively 0.06 and 0.02 h
-1

; Table 1). The theoretical predictions and the measured Fe 

concentrations both illustrate that the Fe oxidation rate varies seasonally. The theoretical 
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predictions do not take into account microbially catalyzed Fe(II) oxidation, which may 

outpace the chemical oxidation reaction under specific circumstances at circumneutral pH
58

. 

If the rate of microbial Fe(II) oxidation exceeds that of chemical Fe(II) oxidation, it is 

expected to do so under conditions where the chemical oxidation reaction is slow, i.e. in 

winter
58

. This process may therefore to some extent counteract the seasonal trends discussed 

above. 

The hydraulic residence times of the field campaign samples from the Kleine Nete catchment 

are shown in Table 1; data represent averages across 31 sampled locations. The average 

hydraulic residence time differs seasonally by factors of up to 5, and long residence times are 

associated with low discharge. The residence times during sampling of the Kleine Nete 

catchment are a good indication of typical seasonal variability and trends: the flow velocities 

recorded at the sampling moments cover the 3
rd

 – 85
th

 percentile range of the annual flow 

velocity, and flow velocities were lower in summer than in winter. A numerical example 

illustrates the effect of hydraulic residence time on the oxidation of Fe(II) and the resulting Fe 

concentration gradient: if in a hypothetical scenario 50% of the Fe(II) has already been 

oxidized at a certain location in the catchment, then a 5-fold longer residence time results in 

97% oxidized Fe at this location. Clearly, the observed seasonal differences in Fe oxidation 

gradients can be ascribed to effects on both the oxidation rate and on the hydraulic residence 

time. 

Taken together, our results show that oxidation of groundwater-borne Fe(II) in a catchment 

creates a Fe concentration gradient which decreases from the headwaters to the major streams. 

The fate of high Fe(II) inputs in catchments is governed by water temperature, pH, and 

hydraulic residence time. These findings are in line with previous studies. Spiteri et al.
59

 

showed that a pH gradient in a subterranean estuary created a Fe concentration gradient 

through its effect on the Fe oxidation rate. Van der Grift et al.
5
 showed that the Fe oxidation 
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rate and residence time in drainage reservoirs exhibit seasonal variations similar to those 

observed in this study. However, to the best of our knowledge, this study is the first to 

document the oxidation gradient of naturally occurring Fe in river catchments at 

circumneutral pH. Some previous studies have addressed the fate of naturally occurring 

Fe(II)-rich water entering circumneutral streams, but they concluded that most of the Fe(II) is 

already oxidized and removed from solution before it enters the streams
5,60

. Our observation 

of continued oxidation of Fe(II) in the receiving streams of a catchment can be ascribed to the 

combination of two factors. First, in the studied catchments, elevated concentrations of Fe(II) 

enter the streams across a geographically large area. Second, stream pH and temperature are 

such that the half-life of chemical Fe(II) oxidation is in the same range as the hydraulic 

residence time of the water in the catchment. 

Removal of P and As by freshly formed Fe(III) minerals 

The measured concentrations of dissolved P and As in streams are, on average, an order of 

magnitude lower than those in the groundwater that feeds these streams. If plotted against the 

hydraulic residence time of the water, the P and As concentrations do not exhibit the same 

trend as observed for Fe (Figure 2). This is confirmed by the correlation analysis which shows 

that the concentrations of P and As in streams are much less related to the hydraulic residence 

time than those of Fe (SI, section 4). Furthermore, the P and As concentrations in streams 

exhibit only minor seasonal variations: their means across different sampling moments 

differed less than a factor of two. Whereas Fe is gradually oxidized and removed, the removal 

of P and As occurs much faster after exfiltration of reduced groundwater. The removal of P is 

complete before the water reaches the smallest headwater streams: the average P 

concentration in streams with residence times below 10 hours does not exceed the average of 

all streams. The average As concentration in streams with short residence times (2 µg L
-1

) is 

somewhat larger than that in the other streams (1 µg L
-1

), which may indicate that As removal 
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is to a small extent still going on in the headwater streams. Nevertheless, the removal of P and 

As from groundwater occurs predominantly before the water reaches the headwater streams, 

most likely in the hyporheic zone, in small unmapped streams, or in drainage systems. The 

local environmental limits for freshwaters are 3 µg As L
-1

 (measured in filtered samples), and 

140 µg P L
-1

 (measured in unfiltered samples). In this study, the average concentrations of P 

and As in groundwater exceed these limits by factors of 2.8 for P and 5.5 for As, but in 

streams, they are more a factor of 2 below these limits. In the absence of high Fe 

concentrations in groundwater, there may have been a risk for eutrophication or As toxicity in 

these catchments. Clearly, the observed removal of P and As by oxidizing Fe has implications 

for surface water quality. 

The removal of As upon oxidation of Fe(II) has been widely studied in the context of drinking 

water production
61

. At the catchment scale, it has been shown that As concentrations in 

particulate matter are related to the Fe concentrations
62

, and that As removal in a catchment 

may occur through adsorption on suspended Fe oxyhydroxides
7
. A more recent study in a 

setting similar to this study confirmed that As in such systems may be sequestered by Fe
6
. 

Based on these previous studies, the observed As removal in this study is likely due to Fe-As 

interactions, and the As is bound by freshly formed Fe oxyhydroxides. 

The fast immobilization of P in the presence of oxidizing Fe(II) has already been observed in 

synthetic systems
63–66

, in aerated groundwater
19,67

, and in natural waters
68,11,5,69

. It has also 

been observed in drainage ditches in the same study area
70

. Upon oxidation of Fe(II) in the 

presence of phosphate, ferric phosphate minerals are formed, with molar Fe:P as low as unity. 

After time, ferric phosphates may be converted into hydrous ferric oxides with surface-

adsorbed P
66

. At low Fe:P ratios, this may result in release of P to the solution
64

. However, in 

the groundwater feeding the studied catchments, Fe is present in large excess: the molar Fe:P 

ratio in groundwater ranges between 8 and 218 (10
th

 and 90
th

 percentile), and the average 
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molar Fe concentration in groundwater exceeds the average molar P concentration by a factor 

of 28. At such high Fe:P ratios, binding of P by Fe oxyhydroxides is highly efficient, and no 

release of P is expected. 

The fate of particulate (>0.45 µm) P-containing Fe oxyhydroxides is most likely governed by 

the chemical boundary conditions in the receiving streams. The Kleine Nete and the Demer 

are ultimately only minor contributors to the suspended sediment load of the major receiving 

stream, the Scheldt (e.g. 4% for the Kleine Nete catchment)
71

. However, due to the high molar 

Fe:P ratio in the authigenic material
19

, it may be able to sequester additional P: it has been 

shown that ferric phosphates are a major sink for P in the freshwater portion of the Scheldt
72

. 

If the settled particles reach anoxic sediments, reductive dissolution may release the P. 

Perhaps this does not increase the eutrophication risk: P and Fe(II) are released 

simultaneously to the sediment pore water, and if such water reaches oxic environments 

again, the P may again be sequestered by the oxidizing Fe
73

. The fate of P-containing 

authigenic material may be of greater environmental concern if it reaches brackish water. The 

large concentrations of sulphate cause the presence of sulphide in bottom sediments, which 

promotes conversion of Fe from oxyhydroxides and phosphates to sulphides, causing a release 

of P
72

. However, the processes governing P binding and release in the bottom sediments of 

brackish water are poorly understood
2
. Release of P from Fe-containing phases in bottom 

sediments is likely governed by the availability of electron donors, such as organic matter, 

and electron acceptors, such as sulphate or Fe. Further research should focus on the fate of Fe-

P-minerals in receiving streams and estuaries, and on the risk of P-release from the bottom 

sediments of brackish waters. 
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Table 1: The abiotic Fe(II) oxidation rate (predicted using Equation 2) and hydraulic 

residence time of stream water in the Kleine Nete catchment at four sampling moments 

throughout the year. Averages, medians and percentiles refer to measurements obtained at 31 

sampling locations. The discharge at the catchment outlet at the moment of sampling is also 

shown. 

 

 Fe(II) oxidation rate     hydraulic 

residence time 

discharge 

 P10 median P90 average  average  

 h
-1

 h
-1

 h
-1

 h
-1 

 h m
3
 s

-1
 

April 2013 0.01 0.06 0.40 0.13  26 4.3 

June 2013 0.03 0.14 0.84 0.26  49 3.1 

September 2013 0.01 0.12 3.18 0.93  106 1.4 

November 2013 0.001 0.02 0.54 0.12  20 7.0 

P10: 10th percentile; P90
: 90th percentile 
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Figure 1: Comparison of the composition of groundwater and streams. Elements were 

measured after membrane filtration (0.45 µm). Units: µS cm
-1

 (electrical conductivity), mg L
-1

 

(Ca, Fe, O2), µg L
-1

 (P, As). Means followed by different characters are significantly different 

(Student’s t-test performed on log-transformed data; P < 0.05).  
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Figure 2: The concentrations of dissolved (<0.45 µm) Fe, P, and As in streams plotted against 

the Strahler stream order and against the hydrological residence time of the water in the 

catchment. The concentrations in groundwater are shown on the left for comparison, but the 

correlation coefficients refer to stream water samples only. A: Means followed by different 

characters are significantly different (Student’s t-test on log-transformed data; P < 0.05). B: 

The decreasing line is the fitted first order model for catchment-scale Fe(II) oxidation (see 

text for details), and the horizontal lines indicate the average Fe concentration in groundwater 

and the average Fe(III) concentration in streams. C and D: The horizontal lines indicate local 

environmental limits for freshwater. 
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Figure 3: A: Seasonal variations of dissolved Fe concentrations in streams of the Kleine Nete 

catchment. Means followed by different characters are significantly different (Student’s t-test 

performed on log-transformed data; P < 0.05). B: Plot of pH versus discharge (Q) near the 

outlet of the Kleine Nete catchment (r = -0.75). 
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