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Abstract 

The reductive dissolution of iron (Fe) (oxy)hydroxides in sediments releases phosphorus (P) to the 

overlying water and may lead to eutrophication. Glauconite sands (GS) are rich in Fe and may be used as 

readily available P sorbents. This study was set up to test effects of dose and type of GS on the P 

immobilisation in sediments under hypoxic conditions. Three different GS were amended to a P-rich river 

sediment at doses of 0% (control), 5% and 10% (weight fractions) and incubated with overlying water in 

batch laboratory conditions. Glutamate was added to the solution after 15 days to deplete any residual 

dissolved oxygen from the sediment-water interface. In the first 15 days, the P concentration in the 

overlying water peaked to 1.5 mg P L-1 at day 9 in the control and decreased to 0.9 mg P L-1 at lowest Fe-

dose and to 0.03 mg P L-1 at the highest Fe-dose, the effects of GS type and dose were explained by the Fe 

dose. After 15 days, the added glutamate induced a second, and larger peak of P in the overlying water in 

sediment, that peak was lower in amended sediments but no GS dose or type related effects were found. 

This suggests that freshly precipitated P species at the sediment-water interface can be remobilised. This 

study highlights the potential for using this natural mineral as a cheap and easily available sediment 

remediation material, but its longevity under rare extreme conditions needs to be further investigated.  

Keywords: Phosphorus release; Iron-rich glauconite sand; Amendment; Sediment-water interactions; 

Eutrophication  



3 

 

1. Introduction 

Eutrophication has become a worldwide environmental problem due to excessive discharge of nutrients 

into water systems. It promotes the growth of algae and cyanobacteria and diminishes the ecological and 

economic value of freshwaters. Phosphorus (P) has been identified as one of the key factors responsible for 

eutrophication, thus constraining P concentration in surface waters is vital to mitigate eutrophication. The 

lowland river system of the Flemish region in Belgium suffers from high P concentrations during summer 

periods. The soluble reactive P (SRP) concentration is, on average, a factor 2.8 higher in summer than in 

winter (Smolders et al., 2017). This seasonality in P concentrations is explained by internal P loading due 

to reductive dissolution of ferric iron (Fe(III)) (oxy)hydroxides that are strong sorbents for phosphate (PO4). 

During summer low flow periods, high sediment respiration and low dissolved oxygen (DO) resupply lead 

to hypoxia at the sediment-water interface (SWI) (van Dael et al., 2020b). Then Fe(III) (oxy)hydroxides 

are reduced to Fe(II), resulting in the subsequent P release from sediment. Therefore, it is urgent to explore 

an effective method to reduce internal P loading.  

Geo-engineering sediments by dosing immobilising agents to alter P biogeochemical cycles has become an 

attractive tool to target the internal P loading (Spears et al., 2014). Many P immobilising agents have been 

explored for lakes, including aluminium (Al) salts (Huser et al., 2016; Jensen et al., 2015), Al-modified 

materials (Gibbs et al., 2011; Wang et al., 2019), Fe salts and Fe rich materials (Wang et al., 2013a, 2021), 

lanthanum (La) modified clay minerals (Copetti et al., 2015), and calcium (Ca) rich materials (Yin et al., 

2013). Among them, Fe rich P sorbents have been used to reduce P in surface waters for decades due to 

their high affinity towards PO4, their low cost and ubiquity (Wang et al., 2021). The Fe rich sorbents can 

effectively immobilise P in sediment under oxic conditions through adsorption and/or precipitation (Liu et 

al., 2017; Mucci et al., 2018; Zou et al., 2017). However, under anoxic conditions, the Fe rich sorbents 

often lose their binding capacity due to reduction of Fe(III) to Fe(II) (Kleeberg et al., 2013) that dissolves 

and releases P. The P released can be trapped by residual Fe(III)(oxy)hydroxides through adsorption or co-

precipitation (Smolders et al., 2017) and/or precipitate with reduced Fe(II) as vivianite (Fe(II)3 (PO4)2•8 
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H2O) (Heinrich et al., 2021; Voegelin et al., 2013). Therefore, the redox sensitivity of Fe rich sorbents will 

not impede their P immobilisation ability as long as the reactive Fe(III) exceeds the capacity of reduction.   

Glauconite sands (GS) are one of the widely available Fe rich sands. The mineral glauconite is a Fe 

potassium (K) phyllosilicate, mainly present as course pellets in the silt and sand fraction (0.002-2 mm). 

The structure of this mineral is similar to Fe rich illite, a typical three-layer phyllosilicate consisting of two 

silicon oxygen tetrahedrons and an alumina oxygen octahedral (T:O:T layer) (Bruneel et al., 2020; Chen et 

al., 2016). The GS of Diest formations contain high Fe, with average total Fe content of 16-23.5% and a 

typical Fe(III)/Fe(II) ratio of 9/1 (Bruneel et al., 2020). Under variable redox conditions the structural Fe 

can be oxidized/reduced by electron transfer in the crystal structure and part of the Fe can be released from 

the structure. The Fe released can precipitate as a coating on the glauconite or quartz grains (Fig. S1). These 

Fe coatings can be extracted with acid ammonium oxalate (i.e. reactive Fe), ranging between 0.6% and 0.9% 

of GS (Bruneel et al., 2021, 2020). The presence of Fe (oxy)hydroxides makes these GS potentially suitable 

as solid P sorbents. In our previous work, the immobilisation efficiency of GS as sediment amendment was 

tested in a dynamic flume system under hypoxic conditions. It illustrated that GS amendment reduced P 

release from sediment to the overlying water, with three times lower SRP concentration in GS amended 

treatments than in unamended treatments at a dose of 10% by weight of total sediment (Van Dael et al., 

2021). The single GS treatment showed an excellent P immobilisation efficiency, while it was still unclear 

how the dose and the properties of GS affected its efficiency.  

In this study the effects of dose and types of GS were investigated to obtain the optimal P immobilisation 

efficiency after GS amending to P rich river sediment. It is speculated that the reactive Fe and Al in the GS, 

i.e., the acid ammonium oxalate extractable elements, indicates the effective P immobilisation capacity of 

the amendment. That reactive Fe might, however, not be efficient under strict anaerobic conditions when 

most Fe is reduced, unless Fe(II) may scavenge P through vivianite precipitation and/or Fe(II) oxidation at 

the SWI. The P adsorption capacity of GS was measured under aerobic conditions, and it was tested if that 

capacity, or its affinity, indicate P immobilisation better than reactive Fe and Al. A full factorial batch 
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incubation was set up with three different types of GS and two doses. The sediment was incubated for 15 

days under natural conditions with the amendments followed by the addition of glutamate (GLU) to the 

solution to deplete any residual DO from SWI. The treatment effects on the peaks of soluble reactive P 

were used to test the hypotheses. 

2. Materials and methods 

 2.1 Sediment and GS characterisation 

The sediment was sampled from Devebeek in Pittem, Flanders (50°58'50.5 "N, 3°16'29.3 "E). This 

sediment was chosen due to its large molar P/Fe ratio and the high P concentrations in the stream, i.e., the 

long-term average total dissolved P (TDP) concentration in that river was 1.4 mg P L-1, well exceeding the 

environmental standard of 0.1 mg P L-1 (van Dael et al., 2020a). In total, 10 L of sediment was collected 

from the top 5 cm sediment layer by using a shovel and was stored at 4 °C. Then, the sediment was 

homogenized, sieved over 6.3 mm to remove gravel and undecomposed organic debris. A sub-sample of 

sediment was dried, sieved (2 mm) and extracted with 0.2 M acid ammonium oxalate (pH=3) in the dark at 

a solution-solid ratio of 50 L kg-1 under 2 h of shaking, to determine the content of poorly crystalline Fe, 

Al, and manganese (Mn) oxyhydroxides and the associated P (Schwertmann, 1964). The oxalate method 

extracts reactive Fe and Al, which have a high affinity for PO4 (Wang et al., 2013c).  

Three natural Fe rich GS with contrasting properties were collected in Lubbeek, Belgium (50°53'06.4"N 

4°46'08.9"E). The GS was present as weathered (oxidised) outcroppings of the Diest formation in the 

Hageland region and were referred to GS1, GS2 and GS3. These GS had a glauconite content of 43-50% 

(Bruneel et al., 2021). The reactive content of Fe and Al in GS samples were determined after acid 

ammonium oxalate extractions by Inductively Coupled Plasma Optical Emission Spectrometry (ICP-OES, 

iCAP 7000 series). In addition, the total content of Fe, Al and P in the GS were determined after aqua regia 

digestion by Inductively Coupled Plasma Mass Spectroscopy (ICP-MS, Agilent 7700x, Agilent 

Technologies).  
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2.2 Phosphate adsorption experiment 

The PO4 adsorption experiment on the GS was carried out in aerobic conditions under batch mode to 

quantify the P sorption capacity of three GS. One gram (air-dried) of three GS was added into 40 mL 

centrifuge tubes with 20 mL of various P solutions in 10 mM CaCl2 (0-200 mg P L-1), the pH of the initial 

P solution was ranging from 6.6 to 7.4. The 10 mM CaCl2 solution was used to mimic the ionic strength of 

the sediment solution. The tubes were placed on an end-over-end shaker (20 ℃) for 24 h at 30 rpm. The 

solutions were then centrifuged and the supernatants were filtered through a 0.45 µm membrane. The initial 

and final SRP concentrations were determined by molybdenum blue method (Murphy and Riley, 1962).  

2.3 Sediment amendment and incubation 

The effect of GS amendment to the sediment on P dynamics from the sediment to the overlying water was 

studied in a batch laboratory incubation experiment. A mixture between the sediment and three types of GS 

were incubated at two GS doses, i.e., 5% and 10% (dry weight of total sediment, equivalent to 1.6 and 3.2 

kg m2, respectively), including an unamended control. The added amount of GS was based on our previous 

study (Van Dael et al., 2021). All the treatments were duplicated in a full factorial design except the control 

that was triplicated (n = 15). For the control, the homogenized sediment was added into 1.1 L polypropylene 

pots (diameter 9.5 cm) to a height of 5 cm (211 g dry sediment). For the GS treatments, the homogenized 

sediment was firstly added to a height of 4 cm, then the mixture of sediment and GS (11 g or 21 g) was 

added on top of this sediment. Next, 650 mL of 10 mM CaCl2 solution was gently added to each pot. The 

pots were closed and incubated in darkness at 20 ℃ for 28 days. Sodium glutamate (GLU, 31 mg C L-1 

overlying water) was added to each pot at day 15 to develop a high biological oxygen demand environment 

(BOD, dose is equivalent to 50 mg O2 L-1), to mimic the situation during the summer period. 

During the experiment, 5 mL overlying water was taken at 1 cm above the SWI with a pipette without prior 

mixing, this sampling was made periodically between 1-28 days. The solution was filtered (0.45 µm) and 

analysed for SRP using the molybdenum blue method. A sub-sample was acidified (1% HNO3) and 
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analysed for major elements (Fe, Mn) using ICP-MS. The 5 mL of overlying water removed during each 

sampling time was not replenished with fresh CaCl2.  

Sediment probes (3.5 cm × 17 cm, Fig. S2) of diffusive equilibration in thin film (DET) and diffusive 

gradient in thin films (DGT) were vertically deployed at day 22 to investigate the P flux across the SWI 

under hypoxic conditions. The DET and DGT probes measure vertical profiles of soluble concentration of 

solutes in pore water (DET) and labile concentrations (DGT) in sediment. The DET and DGT probes were 

bubbled with N2 before deployment. Then one deoxygenated DET and DGT probe was deployed in one of 

control and 10% GS treatments (4 DET and 4 DGT probes in total) for 24 h. The DET probe was prepared 

according to the procedure described by Baken et al. (2015), consisting of a polyacrylamide diffusive gel 

and a 0.45 µm nitrocellulose membrane filter (Amersham™ Protran®, Merck). During deployment, solutes 

equilibrate with diffusive gel and the concentration in the DET gel will be equal to that in sediment pore 

water (Davison et al., 1991). The DGT probe was prepared according to Guan et al. (2015), consisting of a 

zero sink binding layer (Zr-oxide gel), a polyacrylamide diffusive gel, and a 0.45 µm nitrocellulose 

membrane filter. After 24 h deployment, the probes were dismantled, the diffusive gels in DET and binding 

gels in DGT were cut into slices of 3 mm × 18 mm. The DET gels were eluted in 1 mL of 1 M HCl for at 

least 24 h, then the elution liquid was diluted and measured for P and Fe by using ICP-MS. The DGT gels 

were eluted in 1 mL of 0.5 M NaOH for at least 24 h and the elution was measured for P by using 

molybdenum blue method.  

The pH and dissolved oxygen (DO) profiles of the overlying water were measured at day 22 before the 

probe deployment. The pH was measured at 1 cm above the SWI using a pH meter (Metrohm, Belgium). 

The DO profile was measured on one replicate of all treatments (n=7) using an O2 micro sensor (tip diameter 

100 µm; Unisense, Denmark) mounted on a motor-driven micromanipulator. To further investigate the 

changes in reactive Fe content and molar P/Fe ratio in amended and unamended sediments after incubation, 

sediment samples from the top layer (to 1 cm) and from subsurface (below 1 cm) were extracted with acid 

ammonium oxalate and analysed for Fe and P using ICP-OES.  
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2.4 Data analysis 

The degree of phosphorus saturation (DPS) is calculated by Eq. (1). 

                                                                   𝐷𝑃𝑆 =  
𝑃𝑜𝑥

0.5 (𝐹𝑒𝑜𝑥+𝐴𝑙𝑜𝑥)
× 100%                                           (Eq. 1) 

where 𝑃𝑜𝑥, 𝐹𝑒𝑜𝑥 and 𝐴𝑙𝑜𝑥 are oxalate extractable P, Fe and Al in sediment or in GS (mmol kg-1).  

The P adsorption capacity of the three GS was assessed by fitting the experimental data with Langmuir 

model adsorption isotherm. The Langmuir isotherm model is defined by Eq. (2).  

                                                                   𝑄𝑒 =  
𝑄𝑚𝑎𝑥 𝐾𝐿𝐶𝑒

1+ 𝐾𝐿𝐶𝑒
                                                              (Eq. 2) 

where 𝑄𝑒 is the amount of P adsorbed on GS (mg P kg-1 GS); 𝐶𝑒 is the measured SRP concentration after 

24 h (mg L-1); 𝑄𝑚𝑎𝑥  is the maximum SRP adsorption capacity (mg P kg-1 GS); 𝐾𝐿  is the Langmuir 

adsorption constant (L mg-1).  

The molar ratio of P and Fe in the sediment surface (1 cm) after GS amendment can be calculated by Eq. 

(3). 

                                                               
𝑃

𝐹𝑒
=

𝑊1𝑃𝑜𝑥1+𝑊2𝑃𝑜𝑥2

𝑊1𝐹𝑒𝑜𝑥1+𝑊2𝐹𝑒𝑜𝑥2
                                                         (Eq. 3) 

where 𝑊1 is the mass of dry sediment in 1 cm depth (g); 𝑊2 is the mass of GS added to the sediment (g); 

𝑃𝑜𝑥1 and 𝐹𝑒𝑜𝑥1 are the oxalate extractable P and Fe in the sediment (mmol g-1); 𝑃𝑜𝑥2 and 𝐹𝑒𝑜𝑥2 are the 

oxalate extractable P and Fe in the GS (mmol g-1).  

The DGT labile P concentration (𝐶𝐷𝐺𝑇, mg L-1) is calculated by Eq. (4) and Eq. (5). 

                                                                    𝑀 =
𝐶𝑒(𝑉𝑔+𝑉𝑒)

𝑓𝑒
                                                                (Eq. 4) 

                                                                    𝐶𝐷𝐺𝑇 =
𝑀∆𝑔

𝐷𝐴𝑡
                                                                   (Eq. 5) 

where M is the total mass of P bound to the binding layer during the contact with sediment (mg); 𝐶𝑒 is the 

P concentration in the elution (mg L-1); 𝑉𝑔 and 𝑉𝑒 are the volume of the binding gel (0.00002 L) and the 
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elution solution (0.001 L); 𝑓𝑒 is the elution factor (0.95);  ∆𝑔 is the thickness of the diffusive layer (diffusive 

gel and filter membrane, 0.052 cm); D is the diffusion coefficient (5.27 × 10−6 cm2 s-1 at 20℃); A is the 

contact area of the 0.3 cm DGT (0.54 cm2); t (s) is the contact time between the DGT and the sediment.  

The P immobilisation efficiency (IE, %) by GS amendment is calculated by Eq. (6). 

                                                                   𝐼𝐸 =
𝐶1−𝐶2

𝐶1
× 100                                                           (Eq. 6) 

where 𝐶1 (mg L-1) is the SRP concentration at the moment when SRP peaked in the control sediment and 

C2 is the corresponding SRP concentration in the GS treated sediment. 

Statistical analyses were performed using the JMP® Pro version 14.0.0. To test the treatment effects, peak 

concentrations of SRP and Fe were selected (day 9 and day 22, see Fig. 2). Differences in SRP and Fe 

concentrations, the pH of the overlying water and the molar P/Fe of the surface and bulk sediment between 

treatments and control were identified with the Dunnett’s test. A two-way ANOVA was used to test the 

effect of GS type, GS dose and their interaction on peak SRP and Fe concentrations, the data in the control 

was excluded. A general linear regression model with depth added as a random factor was used to analyse 

the treatment effects on P (both DET and DGT) and Fe (only DET) in the sediment pore water. Pearson’s 

correlation coefficients were calculated to analyse which GS properties determine P immobilisation 

efficiency and Fe release, and the control data were not included except for the calculation of the P 

immobilisation efficiency with Eq. 5.  

3. Results  

3.1 Sediment and GS Characteristics 

The molar P/Fe ratio in the sediment was 0.32 (Table 1), exceeding the 0.12 limit above which internal 

loading of P becomes pronounced in rivers (Smolders et al., 2017). A large fraction of the total Fe in GS 

(more than 95%) was not oxalate extractable Fe (𝐹𝑒𝑜𝑥, Table 1), indicating that most Fe in the GS is present 

in the phyllosilicate structure of glauconite. The three GS differed by a factor of 10 in 𝐹𝑒𝑜𝑥 concentration, 

while they differed by a factor of 4 in degree of P saturation (DPS). After amending the sediment with GS, 
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the theoretical molar P/Fe ratio of the top 1 cm layer remained 0.32 for GS1 amended sediment (both doses), 

decreased to 0.29 and 0.26 for GS2 amended sediment (5 and 10% dose, respectively) and to 0.28 and 0.25 

for GS3 amended sediment (Table S1).  

The P adsorption isotherms to the GS in aerobic conditions showed that GS3 has the highest maximum 

adsorption capacity (𝑄𝑚𝑎𝑥), while GS1 and GS2 had about twofold lower P adsorption capacity (Fig. 1 and 

Table 1). That 𝑄𝑚𝑎𝑥 is, surprisingly, not proportional to the molar sum of (𝐹𝑒𝑜𝑥+𝐴𝑙𝑜𝑥), i.e., GS2 has similar 

𝑄𝑚𝑎𝑥 as GS1 although the molar sum of (𝐹𝑒𝑜𝑥+𝐴𝑙𝑜𝑥) in GS2 is a factor of 3 higher than that of GS1. 

However, the GS2 has the largest 𝐾𝐿 and the isotherms show that the P adsorption at low (and relevant, i.e., 

< 10 mg P L-1, Funes et al., 2018; Lyngsie et al., 2014) SRP concentrations is about in proportion to the 

molar sum of (𝐹𝑒𝑜𝑥+𝐴𝑙𝑜𝑥), i.e., GS3 > GS2 > GS1. In addition, despite that all GS contained P, none of 

GS released SRP (Table 1).  

Table 1. Characteristics of sediment and glauconite sands (GS), the parameters and the R2 of the 

Langmuir model were fitted to a phosphate adsorption isotherm (Eq. 2). 

 Sediment  GS1 GS2 GS3 

𝐹𝑒𝑜𝑥 (mg kg-1)a 6500 ± 110 470 ± 30 3400 ± 230 4500 ± 340 

𝐴𝑙ox (mg kg-1)a 380 ± 3 450 ± 14 370 ± 4 750 ± 30 

𝑀𝑛𝑜𝑥 (mg kg-1)a 220 ± 4 42 ± 7 14 ± 4 220 ± 45 

𝑃𝑜𝑥 (mg kg-1)a 1200 ± 21 50 ± 2 30 ± 1 100 ± 10 

DPS (%)b 57 ± 1 13 ± 0.5 3 ± 0.2 6 ± 0.2 

P/Fe (mol mol-1)c 0.32 ± 0.004 0.19 ± 0.01 0.02 ± 0.001 0.04 ± 0.001 

Total Fe (g kg-1)d n.a 80 ± 8 80 ± 5 210 ± 16 

Total Al (g kg-1)d n.a 12 ± 1 11 ± 1 25 ± 2 

Total Mn (mg kg-1)d n.a 70 ± 5 30 ± 3 200 ± 5 

Total P (mg kg-1)d n.a 520 ± 76 440 ± 47 1800 ± 42 
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𝑄𝑚𝑎𝑥 (mg P kg-1)e n.a 650 ± 50 590 ± 20 1230 ± 70 

𝐾𝐿 (L mg-1)e n.a 0.06 ± 0.02 0.52 ± 0.26 0.16 ± 0.07 

SRP release (mg L-1) n.a <LOQ <LOQ <LOQ 

R2  n.a 0.82 0.89 0.94 

a Ammonium oxalate extraction (pH=3) in solution-solid ratio of 50 L kg-1. b the degree of P saturation 

(DPS). c Molar ratio of oxalate extractable P and Fe in sediment and in the GS. d Aqua regia digestion. e 

The maximum P sorption capacity (𝑄𝑚𝑎𝑥) and Langmuir constant (𝐾𝐿) obtained from the P adsorption 

isotherm.  < LOQ = below the level of quantification (0.01 mg L-1). n.a. = not available. 

 

Fig. 1. Adsorption isotherm of soluble reactive P (SRP) on three GS. Symbols represent experimental 

results, lines the fitted Langmuir model. Error bars denote standard error of the means (n = 2). 

3.2 The effect of GS amendment and GLU addition on P release 

The first phase in the incubation without GLU addition yielded a significant dose and GS type dependent 

effect on SRP concentrations in the overlying water (Fig. 2). In the control, the SRP concentration increased 

from < 0.009 mg L-1 (detection limit) to 1.5 mg L-1 over 9 days, then followed by a decrease. The addition 

of GS succeeded in decreasing the SRP peak, thus the SRP peak concentrations were likely more relevant 

and selected for statistical analysis. At the 5% dose, only GS3 significantly reduced the P peak at day 9 by 

a factor of 3.4 compared to the control (Dunnett’s test, p < 0.005), at the 10% dose, all GS types reduced 
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the SRP peak concentrations (Dunnett’s test, p < 0.005). There was an overall significant effect of the GS 

type, the release of P was lower for the high 𝐹𝑒𝑜𝑥 GS (GS2 and GS3) than for the low 𝐹𝑒𝑜𝑥 GS1. The 10% 

GS2 and 10% GS3 amendment consistently lowered the SRP concentration below the environmental 

threshold of 0.14 mg L-1. In the second phase with GLU addition (Fig. 2), the SRP concentration in the 

control peaked above that of the first phase, illustrating more pronounced hypoxic conditions due to GLU 

addition. There was an effect of GS on P immobilisation, however the effects were smaller compared to the 

first phase without GLU addition and the order of effects reverted compared to the first phase, i.e., the SRP 

peak concentration decreased as GS1 > GS2 > GS3. Only the 5% GS1 significantly reduced P release 

compared to the control (Dunnett’s test, p < 0.05) and neither GS type nor dose affected the peak SRP 

concentration (two-way ANOVA, p > 0.05).  

The soluble P concentration in the pore waters were measured at day 22, i.e., after GLU additions. In the 

top 1cm GS amended layer, the average P concentration decreased from 7.5 ± 3.0 mg P L-1 in the control, 

to 4.7 ± 1.5 mg P L-1 in the 10% GS2 treatment and to 2.7 ± 1.7 mg P L-1 in the 10% GS3 treatment; the 

low 𝐹𝑒𝑜𝑥  GS1 did not significantly reduce pore water P (p > 0.05, Fig. 3a). The effects of GS on P 

concentration were also found in the unamend deeper layer, where the average P concentration decreased 

from 13.3 ± 2.1 mg P L-1 in the control, to 9.8 ± 3.4 mg P L-1 in the 10% GS2 treatment and to 6.1 ± 2.4 mg 

P L-1 in the 10% GS3 treatment. The GS amendments also reduced DGT labile P concentration in the 

sediment, but only in the amended layer (Fig. 3b). The DGT labile P concentration in the top 1 cm amended 

layer was reduced from 1.4 ± 0.6 mg P L-1 in the control to 0.9 ± 0.1 mg P L-1 by 10% GS2, 0.8 ± 0.5 mg P 

L-1 by 10% GS1 and 0.6 ± 0.4 mg P L-1 by 10% GS3.  
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Fig. 2. Changes of soluble reactive P (SRP) in overlying water in the control and glauconite sand (GS) 

treatments under 5% dose (a) and 10% dose (b) during two phases of incubation. GS was added in the 10 

mm surface layer and glutamate (GLU) was added to solutions at day 15 to stimulate strict anaerobic 

conditions. Error bars denote standard error of the means (n = 2, except for control, n = 3). 

 

Fig. 3. Total dissolved P (TDP) and Fe measured by DET (a, c) and labile P measured by DGT (b) across 

the water/sediment interface (SWI) in the control and 10% (w/w) glauconite sand (GS) amended treatments 

at day 22 after glutamate (GLU) addition. The location of SWI is represented by zero and GS was added in 

the 10 mm surface layer.  
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The dynamics of Fe release throughout the incubation followed the same trend as that of SRP and the P and 

Fe peaks coincided in time (Fig. 4). In the first phase without GLU addition, no significant difference in Fe 

concentration was found between the control, all 5% GS treatments or the 10% GS1 treatment (Dunnett’s 

test, p > 0.05 for all). The Fe concentrations in these treatments peaked at about 8 mg L-1 at day 9. However, 

in the 10% GS2 and 10% GS3 treatments, i.e., at highest 𝐹𝑒𝑜𝑥 doses, less Fe was released (1.2 mg L-1) than 

in the control. In the second phase with GLU addition, Fe concentrations were higher in all treatments than 

in the first phase and the peak Fe concentrations were higher for the high 𝐹𝑒𝑜𝑥 doses of GS2 and GS3 than 

for GS1, i.e., opposite to that in the first phase.   

The difference in Fe concentration in the pore water among treatments was less pronounced than that in the 

overlying water (Fig. 3c). A general linear regression model showed that only the 10% GS2 treatment 

yielded higher Fe concentration than the control (p<0.05), the other treatments (GS1 and GS3) had similar 

Fe profiles as the control, with dissolved Fe up to 50 mg L-1.  

 

Fig. 4. Changes of Fe concentration in overlying water in the control and glauconite sand (GS) treatments 

under 5% dose (a) and 10% dose (b) during two phases of incubation. GS was added in the 10 mm surface 

layer and glutamate (GLU) was added to solutions at day 15 to stimulate strict anaerobic conditions. Error 

bars denote standard error of the means (n = 2, except for control, n = 3). 
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The pH in the overlying water of the control sediment was 6.8 (Table S2) and was not different from that 

in all GS treatments (Dunnett’s test, p > 0.05). The DO concentration in the control fluctuated between 2 

and 4 mg L-1 until 0.3 cm above the SWI, then decreased to 0.6 mg L-1 at the SWI (Fig. 5). The DO changes 

over depth were different in GS treatments, where the DO concentration fluctuated between 4 and 6 mg L-

1 until 2 cm above the SWI, then decreased to < 0.1 mg L-1.  

 

Fig. 5. Depth profile of the dissolved oxygen (DO) concentration in the overlying water under different 

sediment treatments with three different glauconite sands (GS). The profile was taken after 22 days. The 

horizontal dashed line is the sediment-water interface. 

3.5 Changes in sediment P/Fe ratio after treatment 

The sediment was collected at the end of the incubation. The bulk sediment, i.e., below the layer of GS and 

sediment mixture (< 1 cm depth), exhibited similar P/Fe ratios in all GS treatments (only evaluated for 10% 

dose) as in the control (Dunnett’s test, p > 0.05), and these ratios were not significantly changed compared 

to that before the incubation (Table 1). In contrast, that ratio was affected in the surface layer of the sediment 

by time and treatment. In the unamended control sediment, the P/Fe decreased from 0.32 initially to 0.27 
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after incubation, largely because the Fe increased without changes in P concentration. Smaller P/Fe ratios 

were found in 10% GS1 (0.21) (Dunnett’s test, p < 0.01) and 10% GS2 amended sediment (0.21) (Dunnett’s 

test, p < 0.01), compared to the control, these values were also smaller than initial values (Table 1). However, 

no difference in P/Fe in surface sediment was found between the control and GS3 (Dunnett’s test, p > 0.05).  

 
 Fig. 6. The molar ratio of P and Fe in the sediment after 28 days incubation as affected by of the addition 

glauconite sand (GS). Surface samples are in the top 1 cm layer where the GS was mixed with sediment, 

bulk samples are below the layer of GS and sediment mixture (< 1 cm depth). Error bars denote standard 

error of the means (n = 2, except for control, n = 3). 

3.6 Properties affecting the P immobilisation efficiency 

The P and Fe concentrations were plotted (Fig. S3) and illustrate the contrasting treatment effects depending 

on type of GS and under the conditions without or with GLU. The P and Fe concentrations were given in 

millimole to compare P/Fe ratio in solution with P/Fe ratio in sediment. The molar P/Fe ratio of the 

dissolved fraction in the control (0.33) was close to that of the sediment (0.32, Table 1). In contrast, the 

pronounced mobilization of up to 0.5 mM Fe in GS amended sediment at day 22 did not coincide with such 

a release of SRP. The correlations between the GS characteristics and solution concentration were 

calculated to identify major factors affecting P immobilisation. Instead of using P concentration, the P 
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(Table 2). Before GLU addition, SRP immobilisation was positively correlated with adsorption capacity of 

GS and the doses of Fe and Al, either as total or as oxalate extractable contents, but was negatively 

correlated with theoretical P/Fe ratio in sediment. However, after GLU addition, no correlation was found 

between P immobilisation efficiency and GS dose or characteristics. The Fe peak was negatively correlated 

with added 𝐹𝑒𝑜𝑥, but positively corelated with theoretical P/Fe ratio in sediment in the first phase without 

GLU addition, but opposite correlations were found in the second phase with GLU addition, for both Fe 

peak with added 𝐹𝑒𝑜𝑥 (r = 0.59), and Fe peak with P/Fe (r = -0.62).  

4. Discussion 

In this study, we first evaluated the P sorption capacity of three GS under oxic conditions. The estimated P 

sorption capacity of GS was lower than that of several solid P sorbents which are mainly synthesized 

materials (Table S4), such as Phoslock® (Mucci et al., 2018), dried amorphous ferric hydroxide (CFH-12®, 

Fuchs et al., 2018). However, they are still comparable with the values reported for natural minerals and 

for iron-modified zeolite (Table S4).  

The three GS were subsequently amended to sediment and incubated to evaluate their P immobilisation 

ability under hypoxic conditions. The sediment molar P/Fe ratio was 0.32 before incubation (Table 1), 

suggesting that P release from the selected sediment was very likely to occur under hypoxic conditions 

(Jensen et al., 1992; Smolders et al., 2017). Indeed, the unamended sediment released up to 1.5 mg P L-1 

under natural reducing conditions and to 2.7 mg P L-1 under GLU-stimulated conditions (Fig. 2). The P 

release under hypoxic conditions was mainly attributed to the reductive dissolution of Fe (oxy)hydroxides 

(Fig. 7a), i.e., the P release was strongly correlated to Fe release in both natural as well as GLU-stimulated 

conditions (Fig. S3). Then the P decreased after these peaks (Fig. 2), a trend that was found in similar static 

incubations (Smolders et al., 2017; van Dael et al., 2020b). For Fe the same trend was observed as for P 

(Fig. 4). Most likely, the anoxia in the sediment induces reductive dissolution of Fe, then Fe is transported 

by diffusion from the sediment to the water column where it is gradually oxidized and precipitated because 

the overlying water contains DO (Fig. 5). This can be also confirmed by the lower P/Fe ratio in the surface 
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sample after experiment compared to that in the deeper sediments (Fig. 6). This means that diffusion of 

Fe(II) from the deeper layer towards the surface contributed to Fe accumulation. Therefore, the decrease in 

P and Fe after their peak concentrations is explained by P precipitating with Fe(III) after re-oxidation of 

Fe(II) above the sediment-water interface (Smolders et al., 2017). That precipitation was also evidenced 

from the sediment surface layer that turned reddish during incubation, which was more pronounced in GS-

treated sediments. 

Table 2. The correlation coefficients between the P immobilisation efficiency (IE, %) or Fe concentration 

in the overlying water (𝐹𝑒𝑤, mg L-1) and properties of the glauconite sand and its mixtures in the sediment. 

The IE (Eq. 5) is the fraction of soluble reactive P of the unamended control that is immobilised by GS 

addition at day 9 (-GLU) or at day 22 (+GLU). Significant correlations are in bold, ***p < 0.001, **p < 

0.01, *p < 0.05). ∆ is the added amount (mg/pot) of each element that is calculated based on the properties 

of three GS (Table 1) and their corresponding doses, the molar P/Fe ratio (Eq. 2) is calculated from the 

nominal concentration in GS and sediment before mixing.  

  

𝑄𝑚𝑎𝑥 

 

𝐾𝐿 

 Aqua regia  Oxalate extraction 

  ∆Fe ∆Al ∆Mn  ∆Fe ∆Al ∆Mn P/Fe 

 mg/pot L mg-1  mg/pot mg/pot mg/pot  mg/pot mg/pot mg/pot mol mol-1 

-GLU            

IE 0.77** 0.15  0.73** 0.75** 0.54  0.80** 0.75** 0.56 -0.76** 

𝐹𝑒𝑤 -0.73** -0.23  -0.72** -0.72** -0.54  -0.89*** -0.69* -0.55 0.85*** 

+GLU            

IE -0.45 0.02  -0.50 -0.47 -0.50  -0.41 -042 -0.53 0.39 

𝐹𝑒𝑤 0.41 0.41  0.40 0.40 0.24  0.59* 0.39 0.24 -0.62* 
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Amending these Fe rich GS to sediments was successful in decreasing P peaks under natural reducing and 

GLU-stimulated conditions (Fig. 2), confirming what was found in a flume experiment (Van Dael et al., 

2021). Under natural reducing conditions, higher Fe/Al addition and lower P/Fe ratio in the GS-treated 

sediment explained the lower P release and higher immobilisation efficiency (Table 2). The P released in 

the sediment was bound to the added Al oxides or residual Fe(III) oxides from the addition (Fig. 7b, Jensen 

et al., 1992; Smolders et al., 2001). The high P immobilisation efficiency achieved by 10% dose of GS 

(Table S3) is comparable to that obtained by some other P sorbents, such as iron-modified zeolite (72.2%–

92.1%) when it was added to sediment at 10% dose (Zhan et al., 2019); drinking water treatment residuals 

(WTR, 85%) when added at 10% dry weight base (Wang et al., 2013b); magnetic microparticles (MMPs, 

68% under oxic condition and 80% under anoxic condition) when added at MMPs: mobile P ratio of 85:1 

(Funes et al., 2017). However, the 5% dose of GS was not enough to reduce internal loading, with lower P 

immobilisation efficiency of 36%-70% (Table S3), compared to 10% dose of GS and other P sorbents. In 

addition, the soluble Fe was lower in 10% GS treated sediments than in the control sediment (Fig. 4b). The 

occurrence of lower Fe release from the high Fe-dosed treatments (Fig. S3) was probably related to a 

combination of mechanisms. First, a higher Fe dose could yield more Fe(II) during hypoxic conditions (< 

2 mg DO L-1) that would migrate to the SWI where it is faster precipitated as Fe(III)(oxy)hydroxides, 

without yielding dissolved forms in overlying water. This creates a high Fe and P local layer on the surface 

of high Fe-dosed sediment, and that formation could be enhanced when more Fe(II) was diffusing to the 

SWI because of a higher saturation index of possible precipitates. Second, enhanced GS addition could also 

enhance the adsorption of Fe2+ by cation exchange or adsorption to the residual or freshly precipitated Fe 

oxides or to Al oxides. Similar effects of CEC on Fe concentration had also been found for Al modified 

clay (Wang et al., 2019) and La modified bentonite (Ding et al., 2018) where lower Fe concentrations were 

found in treated sediment cores. Overall, the coincidence of the low solution P and Fe in GS treated 

sediments was attributed to a local Fe(II)/Fe(III)-P (oxy)hydroxides layer formed on the sediment surface. 

However, when GS was exposed to high loading of GLU, neither dose nor GS type were important for 

reducing the P peaks, although the application of GS still reduced internal P loading, compared to the 
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control sediment. The higher P and Fe release in higher Fe-dose sediments, compared to lower Fe-dose 

treatments suggests that the previously trapped P by GS was released (Fig. 7c). This could have far reaching 

consequences on the longevity of this practice in the field. However, it should be noted that the dose of 

GLU was high: a dose equivalent to a BOD of 50 mg O2 L-1 during high temperatures was unusual (Baetens, 

2016). For example, the P90 of BOD5 concentrations in lowland rivers was only 10 mg O2 L-1. Therefore, 

the application of GS is best accompanied by measures to avoid high loading of organic matter, for example, 

by further reducing the BOD in effluents through deep wastewater treatments.  

The glauconite sands are abundantly available and are an unused by-product generated during exploitation 

of quartz sands. Thus, using GS as amendment does not only keep the costs down, but also allows the 

valorisation of rest streams from construction (excavation) works. In addition, GS has the benefit of being 

non-toxic. The GS amended to the sediments did not significantly release toxic trace metals, with maximum 

concentrations of 0.2 µg Cr L-1, 0.4 µg Cu L-1, 1.8 µg Ni L-1, 0.3 µg Pb L-1 and 3.2 µg Zn L-1. All metals 

were below their predicted no effect concentrations (PNEC) in freshwaters according to the European 

Chemicals Agency (ECHA). Therefore, our results indicate that GS could be a feasible P sorbent to tackle 

internal loading. However, it should be emphasized that the performance of GS was not tested under longer 

period of hypoxic conditions, thus, more tests on the efficacy and longevity of GS under seasonal hypoxia 

should be conducted before large application.  
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Fig. 7. The scheme of P release in different treatments: P release from sediment in the control under hypoxic 

conditions (a); the P released in the sediment is bound to the added Al oxides or residual Fe(III) oxides 

from the glauconite sand (GS) (b); the P adsorbed on GS is partially released when residual DO at SWI was 

depleted by adding glutamate (+GLU) (c).  

5. Conclusions 

In this study, the P release from the sediment amended with three different GS at two doses were compared 

to identify dose and GS property dependent P immobilisation in the sediment. Sediment incubations under 

hypoxic conditions showed that the GS could effectively reduce P concentration both in the pore water and 

overlying water, and the immobilisation efficiency was related to the sorption capacity of GS and its Fe and 

Al contents. GS with higher Fe/Al content and higher dose had higher effects on P immobilisation. 

Therefore, the characteristics of GS including oxalate extractable and total content of Fe and Al should be 

considered when selecting these as P sorbents. The effect of extreme high BOD concentrations on GS 

efficacy in trapping P should be further explored in order to estimate longevity of application. 
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Fig. S1. Light microscopy images of glauconite fraction of GS from Lubbeek. Glauconite pellets showing 

signs of strong oxidation, with Fe (oxy)hydroxides coating on the glauconite, as well as on the quartz grains 

(right in the 2nd row).
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Fig. S2. The deployment of DET and DGT probes in the sediment.
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Fig. S3. The relationship between the SRP and Fe concentrations in the overlying water (both are log scale) 

at day 9 without GLU addition and at day 22 with GLU addition. The dashed line indicates the P 

environmental limit at 3.2 µM. 
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Table S1. Theoretical molar ratio of P/Fe of the top 1 cm sediment layer after GS amendment.  

 

Sediment/GS mixture 

 

Control 

GS1 GS2 GS3 

5%  10% 5%  10% 5%  10% 

 0.32 0.32 0.32 0.29 0.26 0.28 0.25 
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Table S2. The pH in the overlying water (means ± standard deviation) at day 22. 

 

Treatment 

 

Control 

GS1 GS2 GS3 

5%  10% 5%  10% 5%  10% 

pH 6.8 ± 0.0 6.8 ± 0.0 6.8 ± 0.3 6.8 ± 0.1 6.8 ± 0.1 6.7 ± 0.1 6.8 ± 0.1 
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Table S3. The IE (%, means ± standard deviation) by GS amendment at day 9 before GLU addition and at 

day 22 after GLU addition. The IE was calculated by Eq. 5.  

 

Treatment 

P immobilisation efficiency (%) 

Day 9 (+GLU) Day 22 (+GLU) 

5% GS1 36.4 ± 0.1 73.0 ± 19.8 

10% GS1 69.5 ± 11.7 56.7 ± 5.6 

5% GS2 43.8 ± 16.6 55.2 ± 4.5 

10% GS2 97.5 ± 0.6 63.3 ± 11.6 

5% GS3 70.3 ± 9.1 43.9 ± 5.1 

10% GS3 98.1 ± 0.3 47.1 ± 12.1 
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Table S4. Comparison of phosphate adsorption capacity for different solid P sorbents 

Solid P sorbents Qm (mg P/kg) Reference 

Glauconite sands  590-1230 This study 

Bentonite 1607 Gu et al., 2019 

Illite 3296 Gu et al., 2019 

Zeolite 500-2000 Wendling et al., 2013 

Red soil  300-2900 Mucci et al., 2018; Noyma et al., 2016 

Iron-coated sand (ICS) 10510 Vandermoere et al., 2018 

Bauxite  3400 Mucci et al., 2018 

Steel slag 2000 Drizo et al., 2006 

drinking water treatment 

residuals (WTRs) 
3000-8000 Bai et al., 2014 

Iron-modified zeolite  506-966 Liu et al., 2017; Zhan et al., 2019 

Phoslock® 2380-11000 Mucci et al., 2018 

CFH-12® 15100 Funes et al., 2018 
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