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Summary  

It is well known that lead (Pb) is strongly immobilised in soil by adsorption or 

precipitation, however the reversibility of these reactions is poorly documented. In this 

study, the isotopically exchangeable Pb concentration in soils (E value) was measured 

using a stable isotope (
208

Pb). Soils were collected at three industrialized sites where 

historical Pb emissions have resulted in elevated Pb concentrations in the surrounding soil. 

Lead concentrations ranged from background values, in the control soils collected far from 

the emission source, to highly elevated concentrations (5460–14440 mg Pb kg
-1

). The 

control soil of each site was amended in the laboratory with Pb(NO3)2 to the same total Pb 

concentrations as the field-contaminated soils. The %E values (E value relative to total Pb 

content) were greater than 84 % in the laboratory-amended soils, and ranged from 45 % to 

78 % (mean 58 %) in the field-contaminated soils. The relatively large labile fractions of 

Pb in the field-contaminated soils show that the majority of Pb is reversibly bound despite 

the fact that the binding strength is large. The Pb concentrations in soil solution were up to 

3500-fold larger for the laboratory-amended soils than for field-contaminated soils at 

corresponding total Pb concentrations. These differences cannot be explained by 

differences in labile fractions of Pb but are attributed to the decrease in soil solution pH 

upon addition of Pb
2+

-salt. 
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Introduction 

Lead has a low mobility in soil (e.g. Garcia-Miragaya, 1984). Equilibrium speciation 

calculations predict that Pb solubility in soil can be controlled by mineral phases, such as 

chloropyromorphite, Pb5(PO4)3Cl (Nriagu, 1974). However, most spectroscopic studies 

have indicated that only a minor fraction of Pb is present as chloropyromorphite unless at 

large phosphate amendments (Cotter-Howells, 1996; Morin et al., 1999; Scheckel & Ryan, 

2004). Scheckel & Ryan (2004) derived from X-ray absorption fine structure (XAFS) 

spectroscopic data that ~45 % of Pb in a smelter contaminated soil with neutral pH was 

present as outer-sphere and organic-matter sorbed Pb. Similarly, Pb speciation in smelter 

contaminated soils with near neutral pH was dominated by adsorption complexes on 

organic matter and (oxyhydr)oxides (Morin et al., 1999). Tye et al. (2004) found that Pb
2+

 

activity in soil solution of Pb-salt amended soils was well described with a pH dependent 

Freundlich-type equation, suggesting sorption controlled partitioning of Pb. A decrease in 

solution concentration of Pb with incubation time (up to 818 days) was found, which could 

only partly be attributed to an increase in pH with time, suggesting that Pb was gradually 

transformed into less labile forms. However, other studies have indicated that Pb sorption 

on soils or soil components is a reversible process. Ainsworth et al. (1994) measured 

adsorption-desorption of divalent metal cations on hydrous ferric oxide and found no 

hysteresis of desorption for Pb throughout 21 weeks of ageing, while clear hysteresis was 

found for Cd and even more for Co. Strawn et al. (1998) found that Pb sorbed on 

aluminum oxide (γ-Al2O3) could be completely desorbed (after 48 hours of sorption 

incubation time) using a cation-exchange resin as zero sink. In a desorption experiment 

with a stirred flow-chamber, 47 % or 32 % of total sorbed Pb could be desorbed from soils 

with 2.1 and 13 % organic matter respectively (Strawn & Sparks, 2000). However, this 

incomplete desorption of Pb does not necessarily imply irreversibility of sorption. The 
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form of the desorption curves indicated that more Pb would have been desorbed if the 

experiment had been prolonged. Increasing the sorption incubation time from 1 to 32 days 

had little effect on the amount of Pb desorbed, indicating that no ageing occurred during 

this period. 

Fixation of strongly sorbing metals is difficult to assess by desorption experiments, 

since prolonged (flow-through) or repeated (batch) extraction is needed when using dilute 

salt solutions, while stronger extractants may release non-labile metal. Alternatively, 

isotope dilution can be used to measure the lability of metals in soil. The labile amount of 

an element is that amount of metal that equilibrates with the soil solution within a certain 

timeframe, and is therefore a better indicator of the chemically reactive metal pool than the 

total metal concentration. Labile pools (E values) of metals in soil are often determined 

with radioactive isotopes (e.g. Nakhone & Young, 1993; Smolders et al., 1999; Lombi et 

al., 2003). However, radio-isotopes are not always suitable for environmental isotope 

dilution studies because of a short half-life, e.g. 
64

Cu (t1/2=12.4 hours), or hazard associated 

with the use of the isotope, e.g. 
210

Pb which is alpha-active. The lack of a suitable 

radioisotope is probably one of the reasons why information about lability of Cu and Pb in 

soils is scarce. To avoid the use of radio-isotopes, labile pools can also be measured using 

stable isotopes. Ahnstrom & Parker (2001) used 
111

Cd to determine labile Cd in soil. Nolan 

et al. (2004) measured the labile pool of Cu in 12 soils using the stable isotope 
65

Cu, and 

found that the E values determined with this stable isotope technique corresponded well 

with those determined using the 
64

Cu radioisotope. Gäbler et al. (1999) used enriched 

stable isotopes of Cr, Ni, Cu, Zn, Cd and Pb to measure labile pools of these metals in soil. 

To our knowledge, their study gives the only reported E value of Pb in soil. 
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The purpose of this study was to measure labile fractions of Pb in field-contaminated 

soils, using a stable isotope dilution method. Laboratory Pb-spiked soils were included to 

assess the reversibility of Pb adsorption in soils recently amended with soluble Pb. 

 

Materials and methods 

Soil sampling and characterization 

Topsoils were sampled in Europe around three lead factories in the Netherlands, France 

and Belgium. Site A is located near a secondary lead smelter, site B and C are located near 

producers of lead acid batteries. For each site, seven samples were taken as a transect at 

different distances from the emission source, to obtain soils with concentrations ranging 

from background values (16–143 mg Pb kg
-1

) to concentrations of >5000 mg Pb kg
-1

 

(Table 1). The soil with the smallest Pb concentration of each site is later referred to as the 

control soil. To select the sampling points, samples were taken from the upper 10-cm layer 

of the soil at several locations during a first visit. The samples were analyzed, after which 

the three sites were revisited and larger samples were taken from six contaminated soils 

(~15 kg) and one control soil (~150 kg) over an area of about 6 hectares (sites B and C) or 

0.4 hectare (site A). All samples were collected in the upper 10-cm layer of grass-covered 

soil, at or near the site, or from ploughed arable land (control soils of site B and C). The 

soils from site A are classified as Calcaric Fluvisol, and those from sites B and C as Haplic 

Luvisol (FAO-UNESCO, 1997). 

The soil samples were air dried and passed through a 2-mm aperture sieve. Total metal 

concentrations in soil were determined by aqua regia digestion followed by determination 

with Inductively Coupled Plasma-Optical Emission Spectroscopy (ICP-OES, Perkin Elmer 

Optima 3300 DV). The pH was measured in 0.01 M CaCl2 (1:5 soil:solution ratio) after 
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shaking for two hours and allowing the suspension to settle for 30 minutes before pH 

measurement. Total carbon and nitrogen content was measured by ignition with a 

Variomax CN analyser. The CaCO3 content of the soils was determined from pressure 

increases after addition of HCl to the soil in closed containers, including FeSO4 as a 

reducing agent (Allison & Moodie, 1965). The organic carbon content was determined by 

difference between total and inorganic carbon content. The cation-exchange capacity 

(CEC) and exchangeable cation content was measured at soil pH with silver-thiourea as 

index cation (Chhabra et al., 1975). 

The pH was (at most 1 pH unit) smaller in all contaminated soils of site A and one 

contaminated soil of site B than in the corresponding control soil. The soils were also used 

in microbial and plant assays not reported here; therefore, differences in pH, which affects 

plant growth and microbial response, were not desirable. The pH of these soil samples was 

increased to the value of the control soil by adding CaCO3. This was done by mixing 

appropriate amounts of fine CaCO3 powder with air dry soil. The soils were moistened 

with deionized water to a soil:moisture ratio of 2:1 (2:1.4 for the soil of site B) and left to 

equilibrate for four days. Subsequently the soils were air-dried for 3 days at 26 °C and 

sieved again. 

 

Soil spiking and soil solution analysis 

Subsamples of the three control soils were amended with Pb(NO3)2 to the same Pb 

concentrations as found in the field-contaminated soils. The air dry soils were mixed with 

deionized water and appropriate volumes of a Pb(NO3)2 stock solution (74.3 g Pb litre
-1

). 

The final moisture content (on a weight base) was 31 % (soils from site A), 30 % (B) or 

23 % (C). The field-contaminated soils and the remainder of the control soils were not 

amended with Pb
2+

-salt, but were otherwise treated in the same way as the salt spiked soils 
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(i.e. mixed with deionised water to the set moisture content). All soils were incubated for 

one week at 20 °C. A subsample was oven dried (105 °C) pending determination of total 

metal concentrations and E values. Another subsample was stored at 5 °C for 

approximately 45 days, pending soil solution sampling.  

Dose confirmation of the Pb-salt amended soils was made by cold acid extraction with 

0.43 M HNO3 (soil:solution ratio = 1:10 kg l
-1

, 2 hours end-over-end shaking). Measured 

concentrations were in good agreement (within 10 % difference, mostly <5 %) with 

nominal concentrations.  

Soil solutions of all soil samples were isolated by the double chamber centrifugation 

method (20 minutes at 3000 g). The solutions were filtered through a 0.45 µm pore-size 

membrane filter, and pH was determined immediately. Concentrations of Pb, Ca and Mg 

concentrations in soil solution were measured by ICP-OES. The detection limit for Pb in 

the soil solutions was 0.008 mg Pb l
-1

. 

 

Measurement of labile pool 

The labile lead content was measured on four of the (air-dried) field-contaminated and two 

of the (oven-dried) laboratory-amended soil samples for each site. Two sets of duplicate 

2.5 g portions of each soil sample were weighed into centrifuge tubes, and 25 ml of a 

0.01 M CaCl2 solution was added. One set of duplicate samples was spiked with 0.2 ml of 

a 
208

Pb solution (with concentration between 10 and 5000 mg Pb l
-1

), so that the amount of 

208
Pb added to the soil was between 4 and 12 % of the total Pb concentration. The 

208
Pb 

solution was made from 
208

PbCO3 (obtained from Oak Ridge National Laboratory, 99.86 

% atom abundance). No 
208

Pb spike was added to the other set of duplicates, which served 

to measure the natural Pb abundances. The suspensions were shaken end-over-end for 3 

days. After phase separation by centrifugation (20 minutes, 3000 g), a 5-ml sample was 
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removed from each tube, and acidified to pH 1 with 5 M HNO3. The samples with largest 

Pb concentrations were diluted to obtain Pb concentrations in the extract < 0.1 mg l
-1

. Lead 

isotopic ratio measurements were conducted with ICP Mass Spectrometry (ICP-MS, 

Hewlett Packard 4500). The background equivalent concentration (BEC) is about 0.4 µg 

Pb l
-1

. The isotope data were corrected for mass discrimination (0.3% per mass unit) with a 

linear correction formula (Heumann et al., 1998). This mass discrimination correction had 

little effect on the calculated E values, since mass discrimination is small for large mass 

numbers. No spectral interferences for Pb measurement were expected or observed in these 

soil extracts. 

The labile Pb pool, or E value (mg kg
-1

), is defined as the amount of Pb in soil with the 

same isotopic signature as the solution phase and was derived from the 
208

Pb to 
206

Pb 

isotope ratio in solution (IRsol) as: 

ER

ER

206206

208208

NASA

NASA

Pb

Pb
IR

sol

206

208

sol
+

+

=













= ,  (1) 

where R is the total amount (in mg Pb kg
-1

) of Pb added to the soil through the spike, SA208 

and SA206 are the fractional abundances (by weight) of 
208

Pb and 
206

Pb in the spike, and 

NA208 and NA206 the natural abundances (by weight) of 
208

Pb and 
206

Pb. Equation (1) can 

be rewritten as 

208206

206208

NAIRNA

)IRSA-SA( 

sol

sol

−
=

R
E .  (2) 

Since the 
208

Pb spike was 99.86 % isotopically pure, Equation (2) can be simplified to  

208206 NAIRNA sol −
=

R
E .  (3) 

Equation (3) was used to calculate the E value from the measured 
208

Pb:
206

Pb ratio in the 

spiked sample (IRsol), using the mean values of NA206 and NA208 measured in the control 

samples that were not spiked with 
208

Pb. 



 9

 

Results 

Soil properties are summarized in Table 1. Total Pb concentrations in the field-

contaminated soils ranged up to ~ 14400 mg kg
-1

. Soils of site A were co-contaminated 

with Zn; the Zn concentration in the sample with the largest Pb concentration was 757 mg 

kg
-1

. No elevated Zn concentrations, compared with the control soil, were found in the 

contaminated soils of sites B and C. 

The total Pb concentrations in the CaCl2 extracts were well above the quantification 

limit and ranged from ~4 to ~80 µg Pb l
-1

 (after dilution of the solutions with the largest Pb 

concentrations). The natural isotopic abundances of Pb in the extracts were, on average 

(range in brackets): 
204

Pb 1.4 (1.38–1.44) %; 
206

Pb 24.8 (24.7–25.0) %; 
207

Pb 21.6 (21.1–

22.0) % and 
208

Pb 52.1 (51.8–52.8) %. For the field-contaminated soils of site B, the 

208
Pb:

206
Pb isotope ratio in the extract decreased from 2.10 (soil with 560 mg Pb kg

-1
) to 

2.07 for the most contaminated soil (14440 mg Pb kg
-1

). There was no significant effect of 

total Pb concentration on the 
208

Pb:
206

Pb ratio in the soils of the 2 other transects. The 

standard deviation of the 
208

Pb:
206

Pb ratio was generally ~ 0.01, but was for some samples 

as large as 0.05. 

Spiking the soil suspension with 
208

Pb increased the 
208

Pb:
206

Pb isotope ratio from 

~2.10 (range 2.07–2.13) to between 2.33 and 2.70. The labile Pb as percentage of total Pb 

in soil, or the %E value, was >84 % (mean value 89%) for the soils amended with 

Pb(NO3)2 in the laboratory, indicating that there had been little fixation of Pb added to the 

soil during the one week of moist incubation and ~2 months of dry storing. The %E values 

were smaller for the field-contaminated soils (between 45 and 78%, mean value 58%) 

(Figure 1). 
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Soil solution concentrations of Pb were much larger (up to 3450-fold) in the 

laboratory-spiked soils than in field-contaminated soils with the same Pb concentration, 

especially at the larger Pb additions (Table 2). The difference in lability (%E) of Pb 

between field-contaminated and laboratory-amended soils clearly does not explain the 

much greater solubility of Pb in the laboratory-spiked soils, since labile Pb concentrations 

in the field-contaminated soils were more than half of those in the laboratory-amended 

soils (Figure 1). The Kd, i.e. the ratio of the total Pb concentration in soil and the solution 

concentration, showed no systematic trend with Pb concentrations in the field-

contaminated soils, and was in most cases between 20 000 and 80 000 l kg
-1

. However, Kd 

values decreased strongly in the laboratory-spiked soils at the larger Pb amendment rates. 

The smaller Kd values in the laboratory-amended soils may be attributed to the decrease in 

pH and increase in ionic strength of the soil solution with increasing Pb amendment rate. 

At an addition of ~5500 mg Pb kg
-1

 (or ~53 mmolc kg
-1

), the soil solution pH was ~2 units 

(sites A and B) or 3.3 units (site C) less than in the control soil, and the soil solution 

concentration of Pb increased, from below detection limit (8 µg l
-1

) in the control soil, to 

13.5, 10.9 and 811 mg l
-1

 for sites A, B and C, respectively. The organic matter content 

and CEC was smaller for the laboratory-amended soils of site C (0.9 % OC, CEC=9.5 

cmolc kg
-1

) than for those of sites A and B (~2 % OC, CEC=17 cmolc kg
-1

). The larger 

increase in Pb concentration (at the same Pb amendment rate) in the soil solution of the 

former soil likely results from the weaker buffering of this soil and hence larger decrease 

in soil solution pH (Figure 2). The regression equation relating Kd (l kg
-1

) to soil solution 

pH for the Pb-salt amended soils is: logKd = -3.76 + 1.02 pH (R
2
 = 0.94). Tye et al. (2004) 

and Tipping et al. (2003) found a comparable effect of pH on the Kd of Pb, but Kd values in 

these studies were in generally larger (at the same pH). This discrepancy may possibly be 

explained by the large total Pb concentrations and large ionic strength of the soil solution 
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(at low pH) in the Pb-salt amended soils, and by the use of soil solution pH for the 

regression analysis in our study. Soil solution pH values are often larger than soil pH, 

especially at high pH as CO2 volatilization may occur during soil solution isolation 

(Suarez, 1986). 

 

Discussion 

In contrast with radioactive isotope methods, a significant amount of metal is added to the 

soil when using stable isotopes, usually in the order of 0.5 to 10% of the total metal 

concentration in the soils. As pointed out by Nolan et al. (2004), the uncertainty in the E 

value can be estimated from the uncertainty in the isotope ratio (IR) divided by the 

difference in IR between spiked (IRsol) and control samples (IRnat), as can be seen from the 

derivation of Equation (3): 

ERE

E

/

NA )d(IR

IRIR

)d(IRd
206

sol

natsol

sol −
=

−

−
= .  (4) 

The standard deviation of the 
208

Pb:
206

Pb isotope ratio was generally ~0.01 in our study. 

Therefore, the uncertainty in the E measurement (dE/E) is estimated to be ~2.4 % if 
208

Pb 

is added in an amount equivalent to 10 % of the E value. Equation (4) allows an 

appropriate amount of spike (R) to be selected, based on the precision of the isotope ratio 

measurements and the E value of the soil, which may be estimated from the total Pb 

content in the soil assuming a certain degree of lability. In this study, the amount of 
208

Pb 

added to the soil ranged from 5 to 15 % of the E value. The coefficient of variation for the 

E value (two replicates) ranged from 0.1 to 18 % (median value 1.7 %). 

The labile fraction of metals is likely to be smaller in field-contaminated soils than in 

soils freshly spiked with metal salts because of ageing reactions or because the metal was 

added to the soil in a sparingly soluble form (Degryse et al., 2004). The large labile 
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fraction of Pb in the field-contaminated soils may seem surprising. To our knowledge, only 

one other study has determined labile Pb in soil (Gäbler et al., 1999). They found that the 

labile pool of Pb, measured in an uncontaminated topsoil with pH 4.1, was 61 % of the 

total lead concentration. This finding was limited to only one soil and could, therefore, not 

be generalized. However, our study also indicates a great degree of lability of lead in soil. 

It has been suggested that intraparticle diffusion of divalent metals in amorphous oxides 

depends on electrostatic forces of attraction, and can therefore be calculated from the 

hydrated radius and the hydration number of the metal ion (Trivedi & Axe, 2001). These 

calculations result in a predicted order of ‘diffusivity’, or importance of slow sorption 

processes, of Ni > Cu > Co > Zn > Cd > Pb. Data about the reversibility of metal sorption 

in soils are scarce, but isotopic dilution measurements on uncontaminated and field-

contaminated soils for Cd, Zn (Degryse et al. 2004), Cu (Nolan et al., 2004), and Pb (this 

study), and on soils that are amended with metal salts and left to age (Tye et al., 2003; 

Buekers et al., 2005) suggest a similar trend for metal fixation in soils: Ni ≥ Cu > Zn > 

Cd ~ Pb. This order of the rate of metal fixation indicates that fixation of metals (i.e. slow 

reactions resulting in irreversibility of metal sorption) is not related to the strength of 

(immediate) sorption in soils, which mostly follows the order Pb ≥Cu > Zn ~ Cd ≥ Ni ≥ Co 

(Anderson & Christensen, 1988; Welp & Brümmer, 1999; Covelo et al., 2004), although 

this order may differ somewhat depending on pH and soil composition.  

Labile fractions of metal in soil may be small if the metal is present in a (non-

exchangeable) precipitated form (Hamon et al., 2002). Lead carbonates (e.g. cerussite, 

PbCO3) and lead phosphate minerals (e.g. chloropyromorphite) have been suggested to be 

potentially important lead minerals in soil. However, Jopony & Young (1994) found that 

Pb in dilute salt extracts of Pb contaminated soils was undersaturated with respect to 

PbCO3, and that no simple solubility relationship could describe the solid–liquid 
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distribution of Pb in these soils. Several spectroscopic studies have indicated that only a 

minor fraction of Pb in soil is present as lead phosphate minerals unless the soil is 

amended with phosphate (cf. Introduction). The great lability of Pb in field-contaminated 

soils, found in this study, is another indication that Pb precipitation in soils may be less 

important than often thought. 

The great degree of lability does not only indicate that ageing and precipitation 

reactions of Pb are limited in these soils, but also that Pb has entered the soil in a soluble 

form or in a form that is easily transformed to a labile form. The soils of this study were 

contaminated by a (secondary) lead smelter or by producers of lead acid batteries. It is 

possible that labile fractions of Pb are much smaller in soils contaminated with other 

sources of Pb, e.g. mine spoil soils. Manceau et al. (1996) measured lead speciation in 

contaminated soils with EXAFS spectroscopy. They found that lead sulphate and silica-

bound lead were the predominant forms in the soils near a battery reclamation area. In 

smelter affected soils, lead was found to be divalent and coordinated to (O, OH) ligands, 

e.g. (hydr)oxides, in several chemical forms which could not be identified. Morin et al. 

(1999) found spectroscopic evidence that Pb in smelter contaminated soils with near 

neutral pH was mainly sorbed to humic acids and to (oxyhydr)oxides, indicating the 

importance of sorbed Pb species in smelter impacted soils. In the same study, Pb in a low 

pH mine tailing soil was found to be dominated by Pb-bearing jarosites. 

The larger solubility of metals in laboratory-spiked soils compared with field-

contaminated soils has been shown previously (e.g. Smolders et al., 2003). Larger labile 

fraction of metals in laboratory-spiked soils might explain this discrepancy, since a larger 

labile pool will result in larger solution concentrations, other sorption parameters (e.g. pH) 

remaining constant. However, this study showed that differences in E values do not 

explain the much larger Pb concentrations in the soil solution of laboratory-spiked soils, 
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compared with field-contaminated soils with same total Pb concentration. The much larger 

solution concentrations in the laboratory-spiked soils are mainly related to the decrease in 

pH and increase in ionic strength of the soil solution caused by the Pb-salt amendment. 

Changes in soil solution chemistry upon addition of metal salts to soil have been reported 

by Percival et al. (1999), who measured soil solution chemistry in three soils amended 

with different metal salts. The increase in ionic strength and decrease in pH was similar for 

divalent metals (Cd, Cu, Ni, Zn and Pb) at an equivalent amendment rate of 10 mmol kg
-1

. 

However, at a larger amendment rate (100 mmol kg
-1

), the decrease in solution pH was 

metal-specific and followed the order: Cu ≥ Pb > Zn ~ Ni ~ Cd. This suggests that, at the 

smaller metal additions, the decrease in solution pH is related to the displacement of 

protons from the cation exchange complex and is therefore not metal specific since, 

although sorption differs between metals, almost all metal (>90%) added to the soil 

adsorbs on the soil surface at the smaller metal doses. At larger amendment rates, however, 

a major portion of metal added to the soil remains in the soil solution, and the decrease in 

solution pH may therefore also be caused by hydrolysis of metals in solution and, as a 

result, be larger for metals with a greater tendency to hydrolyze (Cu, Pb). 

 

Conclusions 

A stable isotope dilution technique showed that a large portion (~ 50 %) of soil Pb is 

isotopically exchangeable in field-contaminated soils, sampled at three sites and with total 

Pb concentrations up to ~14400 mg kg
-1

. The Kd values of Pb in these soils (pH(CaCl2) ≈ 

7) are about 50 000 l kg
-1

, and are much larger than in soils amended with Pb(NO3)2 to the 

same total Pb concentration. The much larger solubility in the Pb-salt amended soils can be 

explained by the decrease in pH of the soil solution induced by the addition of metal salt. 
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FIGURE CAPTIONS 

Figure 1  The labile Pb concentration (E value) versus the total Pb concentration for field-

contaminated soils (open symbols) and soils amended with Pb-salt in the laboratory 

(closed symbols). The soils were collected from three different sites (A ��; B ��; 

C ��). The lines show the relation for %E values of 100 (fully labile) or 50 %. 

Figure 2  (a) Soil solution concentrations of Pb in field-contaminated (open symbols) and 

laboratory-amended soils (closed symbols) and (b) the soil solution pH of the laboratory-

amended soils, as a function of the total Pb concentration relative to the CEC at soil pH. 

Only the data with Pb concentrations above the detection limit (8 µg l
-1

) are shown in 

Figure 2a. (Same symbols as in Figure 1) 
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TABLES  

Table 1  Selected soil characteristics of the control soil and the field-contaminated soils for the three sites (BS=base saturation).  

  Pb 

/mg kg
-1

 

pH  

(0.01 M CaCl2) 

Organic C 

/% 

CEC 

/cmolc kg
-1

 

BS 

/% 

Particle size distribution /% 

Sand Silt Clay 

Site A Control 25 7.5 1.9 17.0 92 67 18 15 

 Contaminated 294 – 5686 7.2 – 7.3 
a
  3.4 – 6.2 24.7 – 33.2 

a
 71 – 84 

a
 42 – 53 25 – 32 21 – 27 

Site B Control 143 7.3 2.2 16.7 87 23 61 16 

 Contaminated 402 – 14436 7.0 – 7.4 
a
 2.5 – 6.5 20.5 – 25.8 

a
 74 – 91 

a
 11 – 24 57 – 69 19 – 21 

Site C Control 16 6.6 0.9 9.5 66 36 55 9 

 Contaminated 269 – 5457 6.7 – 7.2 2.0 – 2.4 15.0 – 17.9 80 – 93 21 – 35 53 – 66 12 – 14 

a
 pH, CEC and base saturation measured after liming the soils (see Methods section) 
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Table 2  Soil solution pH and soil solution concentrations of Pb and Ca in field-

contaminated soils and in laboratory-amended soils with same total Pb concentration (soils 

from site C). The laboratory-amended soils were obtained by adding Pb(NO3)2 to the 

control soil, i.e. the soil with the smallest Pb concentration. 

 Field-contaminated  Laboratory-amended 

Pb in soil 

/mg kg
-1

 pH 

Ca 

/mM 

Pb
 

/mg l
-1

 

 

pH 

Ca 

/mM 

Pb 

/mg l
-1

 

16 7.9 1.7 <0.008     

269 8.1 7.3 0.014  8.1 1.6 0.015 

664 8.1 3.8 0.016  7.7 8.2 0.044 

926 8.1 6.9 0.016  7.7 11.4 0.032 

1279 8.0 3.7 0.024  7.5 19.5 0.125 

1630 8.3 5.6 0.070  7.2 26.3 0.539 

5457 8.1 5.1 0.235  4.6 90.6 811 
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